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Abstract 
In Iceland, afforestation is an important element of environmental management. A 14.5 
hectare managed black cottonwood (Populus trichocarpa) plantation in South Iceland serves 
as the country’s oldest research site for monitoring ecological changes resulting from 
afforestation of previously abandoned land by a non-native species. The forest was 
established in 1990 and monitored in 1993 and 2003 and the present study repeated the same 
monitoring. The aim of this study was to understand how the current growth stage of the 
forest has affected the population density, species composition and biodiversity of birds, 
beetles, and ground vegetation. Beetle- and vegetation surveys were conducted on permanent 
10x10m plots during the whole growing season or during late summer 2017, respectively. 
The breeding density of birds was measured across previously determined forest transects in 
spring 2017. The forest, which had been thinned after the last monitoring, had reached 
middle-aged maturity, marked by high basal area, dense tree canopy that had started self-
thinning, and an increase in deadwood and litter on the forest floor. Several changes 
regarding biodiversity had occurred. For example, higher forest density changed the 
composition of ground vegetation cover, including an increase in unvegetated surface and a 
decrease in vascular plants. The population density of beetles had not changed much from 
the last survey, but their species composition shifted towards higher abundance of forest 
specialist species. The breeding density of birds increased for species typically breeding in 
woodlands, such as redwings (Turdus iliacus), and a new forest bird species for Iceland, 
common wood pigeon (Columba palumbus), was found. Given the limited knowledge of the 
impacts of forestry on the flora and fauna of Iceland, this long-term project provides valuable 
insights for future management.  

 

 

 

 

 

 

 

 

 

 

 



 

 

 



 

 

Útdráttur 
[Nýskógrækt og líffræðilegur fjölbreytileiki: Breytingar á fjölbreytileika fugla, bjallna og 
botngróðurs við framvindu asparskógar (Populus trichocarpa) á Suðurlandi] 
Nýskógrækt er mikilvægur og stækkandi landnýtingarflokkur á Íslandi. Elsta 
vöktunarverkefni hérlendis sem til er á áhrifum nýskógræktar á líffræðilegan fjölbreytileika 
fer fram á 14,5 hektara svæði sem gróðursett var með alaskaösp (Populus trichocarpa) í 
Gunnarsholti á Rangárvöllum árið 1990. Fyrri úttektir á áhrifum skógræktarinnar fóru fram 
árin 1993 og 2003 og í þessari rannsókn var úttektin endurtekin í þriðja sinn. Markmið 
rannsóknanna var að auka skilning okkar á því hvernig skógurinn breytist með aldri og 
hvernig það hefur áhrif á þéttleika, tegundasamsetningu og fjölbreytileika fugla, skordýra 
(bjallna) og botngróðurs. Úttektir á botngróðri og bjöllum fóru fram á sömu stöðum og áður, 
í föstum 10x10 m rannsóknareitum í skóginum, og stóðu yfir allan vaxtartímann (bjöllur) 
eða síðsumars (gróður) árið 2017. Úttekt á varpfuglum fór fram vorið 2017 með því að ganga 
ákveðin föst snið í skóginum. Skógurinn, sem hafði verið grisjaður skömmu eftir að síðasta 
úttekt fór fram, var á þroskastigi sem einkenndist af háum grunnfleti, þéttri laufkrónu sem 
var að byrja að lyftast vegna skuggunar og auknu magni dauðs viðar og feyru á skógarbotni. 
Þéttleiki og fjölbreytileiki lífvera sem byggðu skóginn hafði breyst talsvert frá síðustu úttekt. 
Til dæmis hafði aukinn þéttleiki skógarins leitt til lægri þekju botngróðurs og minnkað 
hlutdeild æðplantna í honum, og aukið hlutdeild ógróins yfirborðs. Þéttleiki bjallna hafði 
ekki breyst mikið frá fyrri úttekt, en breytingar höfðu orðið á tegundasamsetningu þeirra 
þannig að hlutdeild skógartegunda hafði aukist. Varpþéttleiki fugla sem eru vel aðlagaðir 
skógum, eins og skógarþrastar (Turdus iliacus), hafði aukist talsvert frá fyrri úttekt og einnig 
var sýnt fram á varp nýrrar fuglategundar, hringdúfu (Columba palumbus). Vegna þess 
hversu þekking okkar á Íslandi er brotakennd hvað varðar áhrif nýskógræktar á lífríkið þá 
eru svona langtíma vöktunarverkefni mjög mikilvæg. Þau geta jafnframt hjálpað til við að 
aðlaga umhirðu skóga hérlendis þannig að hún taki meira tillit til verndunar líffræðilegs 
fjölbreytileika.  
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1 Introduction 

1.1 The Icelandic context: climate, ecosystems, 
and land management 

1.1.1 Geographical location, climate and present landscape 
characteristics 

Iceland is a volcanic island situated in the North Atlantic Ocean covering a land area of 
103,000km2. The oceanic climate ranges between maritime cold-temperate to sub-arctic 
conditions in the lowlands, and arctic conditions in the highlands (Einarsson, 1984). Average 
temperatures in the lowlands (<400 m a.s.l.) are around -1ºC in January and 10ºC in July 
(Einarsson, 1984; Johannesdottir, Alves, Gill, and Gunnarsson, 2017a). Annual rainfall 
differs between regions and is generally higher in the lowlands, but on average ranges from 
500 mm north of Vatnajökull Glacier to >2000 mm in the southern lowland regions 
(Einarsson, 1984). The average elevation of Iceland’s surface is 500 m above sea-level, with 
the highest point at 2,119 m (Einarsson, 1984; Ministry for the Environment, 2001). The 
country’s relatively cold climate explains the short growing season of circa four months in 
summer (Ministry for the Environment, 2001).  

Ministry for the Environment (2001) shows that Iceland has the lowest population density 
in Europe with 3 inhabitants per km2 and that about 80% of the country are uninhabitable. 
The country is characterized by a unique landscape, ranging from extensive mountainous 
areas, particularly in the highlands, to coastal lowlands. Much of the countries land surface 
can be considered wilderness, particularly so in the highlands.  

About two-thirds of the country are covered by sparse or very sparse vegetation (Ministry of 
the Environment, 2001). About 1.5% of the land is covered in old birch woodland, but 
forested land in general is sparse (Snorrason et al., 2016.). Cultivated agricultural land makes 
up only around 6% of land surface below 200 m above sea level and only 3% of total land 
surface (Johannesdottir et al., 2017a; Johannesdottir, Alves, Gill, and Gunnarsson, 2017b). 
The major vegetation types in Iceland are moss heath, heathland, meadow and grassland, 
wood- and shrubland, wetland, aquatic, coastal and geothermal vegetation (Icelandic 
Institute of Natural History, n.d.).  

1.1.2 History of vegetation and land-use 

Iceland is a well-known example of unsustainable land- and forest management through 
extensive livestock grazing and large-scale deforestation, which has led to severe soil 
degradation and desertification with detrimental effects on biodiversity (Ministry for the 
Environment, 2001; Johannesdottir et al., 2017a). It is estimated that at the time of settlement 
in 874 AD, between 25 and 40% of Iceland’s land area was covered by native birch forest 
and birch and willow shrubland; a number that had decreased to a post-glacial minimum of 
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below 1% by circa 1950 (Eysteinsson, 2009; Aradottir and Arnalds, 2001; Johannesson, 
2010; Crofts, 2011). 

Both natural and anthropogenic forces have contributed to the high levels of soil erosion 
observed in the country; frequent volcanic activity puts substantial strain on soils and 
vegetation affected by lava outflows and tephra deposition, while human activity since 
settlement has magnified the negative impact of natural environmental stressors such as 
volcanic activity and erosive forces from wind and rain (Crofts, 2011; Johannesdottir et al., 
2017a). Crofts (2011) notes that these factors have all contributed to a “cycle of degradation 
. . ., with the removal of the vegetation surface and the exposure of the soil making it more 
vulnerable to removal by the natural forces of wind and water” (p. 18). Historical need for 
wood in construction, energy generation and animal husbandry, as well as continuous 
livestock grazing prohibiting regeneration have been the main drivers of deforestation in 
Iceland (Eysteinsson, 2009; Crofts, 2011).  

While agricultural intensity in Iceland is currently still low (3% of the land area under 
cultivation), it is expected to increase in the future due to greater demands posed by a 
growing population (Johannesdottir et al., 2017a; Johannesdottir et al., 2017b). Agricultural 
production in Iceland is predominantly based on livestock, which is also due to climatic 
limitations on arable crop production (Johannesson, 2010; Johannesdottir et al., 2017b). 

Centuries of soil erosion due to natural and anthropogenic stressors have transformed large 
parts of the once productive and lushly vegetated land into unproductive, eroded, and 
deserted surface cover (Aradottir and Arnalds, 2001). These historical changes in forest and 
woodland cover have very likely had a large impact on population densities, species 
composition and biodiversity of the treeless ecosystems that remain today. Where the 
historical change has not led to soil erosion, which often ended in a largely unvegetated state 
(Crofts, 2011), the Icelandic nature is now characterized by treeless grassland and heathland 
ecosystems to a greater extent than in the ancient past (Ministry for the Environment, 2001). 

Icelandic vegetated ecosystems are considered to have been relatively fragile even before 
settlement, but have become even more so since overexploitation of resources ensued with 
settlement of the country (Aradottir and Arnalds, 2001; Olafsdottir and Gudmundsson, 
2002). As a result of land degradation, ecosystem productivity has decreased substantially 
(Aradottir and Arnalds, 2001). Consequently, land reclamation through various measures 
such as afforestation has since the early 20th century become a focal point of land 
management and environmental policy in Iceland, in hopes of returning Icelandic 
ecosystems to a more productive and diverse state (Crofts, 2011).  

1.2 Biodiversity and Icelandic legislation 
Given its geographical isolation and harsh climate, Iceland’s terrestrial ecosystems are 
characterized by relatively low biological diversity, compared to other countries in Europe, 
for example (Ministry for the Environment, 2001). Iceland’s flora and fauna contain low 
numbers of native species. The country’s ecosystems support 483 native species of vascular 
plants in addition to some cultivated species. There are 560 species of bryophytes and 550 
species of lichens (Ministry for the Environment, 2001).  
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The only native, forest forming tree species is downy birch (Betula pubescens) with only a 
total of three native tree species found in Iceland altogether (Ministry for the Environment, 
2001). Several tree species beyond the native birch are used in afforestation efforts in 
Iceland. These most common introduced species are Siberian larch (Larix sibirica), Sitka 
spruce (Picea sitchensis), lodgepole pine (Pinus contorta), and black cottonwood (Populus 
trichocarpa); in 2007, these five species together made up more than 60% of seedlings 
planted that year (Eysteinsson, 2009).  

Due to its location, Iceland is of strategic importance for a number of migratory bird species. 
A total of around 70 bird species is found nesting in Iceland on a regular basis with almost 
20 more species observed occasionally (Ministry for the Environment, 2001). The country’s 
lowland areas “support internationally important breeding populations of 21 bird species”, 
with particular importance for breeding waders (Charadriiform birds) (Johannesdottir et al., 
2017b).  

While no certainty exists regarding the total number of invertebrate species found in Iceland, 
it is considered to be around 1,400 (terrestrial and marine) species (Ministry for the 
Environment and Natural Resources, n.d.). Insects make up two thirds of that, with beetles 
among the most numerous groups (239 species identified) (Ministry for the Environment 
and Natural Resources, n.d.).  

Although species diversity is generally low in Iceland (Ministry for the Environment, 2001), 
its current ecosystems continue to support important ecological communities, for example 
of internationally important breeding birds (Johannesdottir et al., 2017a). In light of 
internationally declining rates of biodiversity due to climate change and habitat degradation 
and fragmentation (Secretariat of the Convention on Biological Diversity, 2014), the 
conservation of biological diversity has increased in importance both at a national and global 
scale (Ministry for the Environment and Natural Resources, n.d.; Secretariat for the 
Convention on Biological Diversity, 2014; Johannesdottir et al., 2017a).  

In Iceland, “the concept of biological diversity has gradually been integrated into national 
legislation as laws and regulations have been revised and updated” (Ministry for the 
Environment, 2001, p. 27). The most notable legislation in this respect are the Nature 
Conservation Act, the Act on the Icelandic Institute of Natural History, and the Act on the 
Conservation, Protection and Hunting of Wild Birds and Mammals.  

1.2.1 Measuring biodiversity: The use of bioindicators  

In order to measure biodiversity of a particular site or area, bioindicators can be chosen as a 
time and cost-efficient option. Bioindicators can be helpful for political decision makers and 
foresters alike, for “assess[ing] the effect of site management on biodiversity or to identify 
sites that potentially are of high biodiversity value” (Smith et al., 2008, p. 992). Smith et al. 
(2008) distinguish between compositional, structural, and functional indicators. Species or 
species groups can be considered part of the former category of bioindicators and were used 
in this study to assess biodiversity of the Gunnarsholt black cottonwood plantation. The 
biodiversity inventories studied in all three survey years encompassed beetles (with a focus 
on ground beetles, Carabidae), birds, and ground vegetation, because these groups have 
been identified as valuable bioindicators.  
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Beetles, and especially carabid species, are rendered suitable bioindicators for ecological 
and environmental change (Rainio and Niemelä, 2003; Kotze et al., 2011; Barsoum et al., 
2014), as “[t]hey are taxonomically well known, with relatively stable systematics, and their 
ecology has been widely studied” (Kotze at al., 2011, p. 95). Similarly, bird communities 
can give useful insights into biodiversity changes following environmental- and landscape 
change (Kati et al., 2004; Padoa-Schioppa, Baietto, Massa, and Bottoni, 2006); especially 
the afforestation of an area, as was the case in Gunnarsholt, can have substantial impact on 
the bird communities observed in an area over time. Ground vegetation, in turn, has also 
been identified as an appropriate bioindicator (Sætersdal et al., 2004; Smith et al., 2008). It 
can signal several structural characteristics in a forest (e.g. gap fraction), and has been found 
to vary along a succession gradient, thus making it an indicator of succession stages as well.  

Hence, all three inventories taken together and for three separate monitoring years can, to a 
degree, provide insight into forest structural characteristics, as well as the impact of 
landscape change, i.e. through afforestation, on biodiversity levels. Studies where different 
bioindicators for the same area are monitored simultaneously are relatively rare 
(Elmarsdottir et al., 2011), but offer a deeper understanding of the changes taking place in 
the ecosystem.  

1.3 Afforestation in Iceland 
Iceland’s history of land degradation and desertification presents significant challenges to 
land management and environmental conservation in Iceland. Land reclamation and 
amelioration of soil erosion have been a focal point of land management strategies and 
environmental policy in Iceland since the beginning of the 20th century (Crofts, 2011). 
Generally speaking, there is often a difference to which ecosystem stage the two “methods” 
aim to return disturbed or eroded land in Iceland, i.e. to a fully vegetated treeless stage 
similar to the current treeless ecosystems or to an ecosystem characterized by forest cover.   

Afforestation and reforestation can play a vital role in land reclamation, and there are 
instances where it is the preferred method due to higher resilience. For example, around the 
Mt. Hekla, where frequent volcanic episodes and ash downfalls have shown that the native 
downy birch woodlands have been more resilient, while reclaimed treeless landscapes have 
been disturbed (Aradottir, 2007; Oskarsson, 2011). However, there is a need for further 
research to assess the site-specific and regional impacts of afforestation or reforestation on 
ecosystem dynamics and biodiversity in comparison to using other methods of reclamation. 

Hence, afforestation, among other measures, has become an important component of land 
reclamation in Iceland. The Icelandic Forest Service (IFS) and the Soil Conservation Service 
Iceland (SCSI) are the agencies largely responsible for carrying out and supporting land 
reclamation and afforestation projects across the country. In areas of South Iceland, where 
soil erosion has been particularly pronounced, a majority of the lowland is privately owned 
or at least managed by farmers (Johannesdottir et al., 2017a). In many areas, afforestation of 
degraded land has thus become a joint project with local farmers (Arnalds and Barkarson, 
2003; Johannesdottir et al., 2017a). Since 2005, 3-6 million seedlings have been planted in 
Iceland annually (Eysteinsson, 2009; Gunnarsson, 2017). The Act on Afforestation is one of 
the central legislative instruments governing the conservation and management of forested 
land in Iceland (Ministry for the Environment, 2001).   
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Given the importance of biological conservation, the reclamation of disturbed ecosystems in 
Iceland into the historical forested state may not always be preferable from a management 
perspective, if e.g. that would lead to a reduction of biodiversity. A similar trade-off to be 
considered in environmental management in Iceland are the potentially contradicting 
interests between agriculture and biological conservation. An example for this are the 
lowland areas of Iceland: As mentioned above, these are not only the areas with the highest 
amount of agricultural activity but at the same time serve as habitat for important bird 
populations, thus giving these sites significant conservation value.  

Thus, agricultural expansion and intensification hold the potential of counteracting or 
inhibiting positive changes initiated through efforts in land reclamation outlined above, and, 
moreover, could pose a threat to biological diversity. It is therefore of importance to 
understand the effects that agricultural expansion and intensification as well as afforestation 
may have on biodiversity and ecosystem productivity in an area. Studying areas where 
agricultural practices and afforestation exist alongside each other are therefore of particular 
interest from a land-management and policy perspective.   

1.3.1 Use of native vs. non-native species for reclamation and 
afforestation 

In Iceland, afforestation relies strongly on non-native tree species, such as Norway spruce 
(Picea abies), Sitka spruce, Scots pine (Pinus sylvestris), lodgepole pine, black cottonwood, 
and Siberian larch (Eysteinsson, 2009; EUFORGEN, 2017). A main reason for this is the 
fact that only one native forest forming tree species (B. pubescens) exists in Iceland, with a 
total of only three native tree species altogether (Ministry for the Environment, 2001). 
Consequently, managing for the diversification of ecosystem services has led to the 
introduction of non-native species to support and enhance afforestation projects in Iceland. 
However, in general the introduction and use of non-native species in forestry is subject to 
an ongoing debate (e.g., Engelmark et al., 2001; D’Antonio and Meyerson, 2002; Schlaepfer, 
Sax, and Olden, 2011; Kölling, 2013): From a nature conservation perspective, non-native 
species are often considered a potential threat to native ecosystems and species and therefore 
recommended against, while the potential benefits of non-native species in forestry have also 
been highlighted.  

Key concerns regarding the introduction and commercial use of non-native species stem 
particularly from uncertainty regarding long-term consequences. Self-dispersal, suppression 
of native species and alteration of native ecosystems, introduction of pests and pathogens, 
and potential invasiveness have all been mentioned as possible (long-term) negative effects 
of using non-native species (Engelmark et al., 2001; D’Antonio and Meyerson, 2002; Reif, 
Aas, and Essl, 2011; Kölling, 2013). Some studies also discuss the potential benefits of using 
non-native species, such as a diversification of ecosystem services provided, higher 
economic value of some non-native tree species as compared to native ones, and – a factor 
of growing importance – a potentially higher adaptive capacity to climate change (Schlaepfer 
et al., 2011; Reif et al., 2011; Kölling, 2013). Furthermore, a comparative analysis of 
literature conducted by Quine and Humphrey (2010) has shown little difference in 
biodiversity measured for various taxa (including vegetation, bryophytes, lichens, beetles, 
and birds) between native and non-native stands of conifers, with a similar finding reported 
for Icelandic native and exotic forest types (Elmarsdottir et al., 2011). This brief analysis 
shows the existing controversy in the debate and that arguments can be brought forward both 
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in favor and against the use of non-native species. In the end, it depends more on the species 
in use as well as the site characteristics; moreover, the complexity and uncertainty regarding 
long-term effects on ecosystems make general conclusions near impossible.  

As mentioned above, the use of non-native species in Iceland is motivated somewhat by 
necessity, as the only native forest-forming species is not productive enough (EUFORGEN, 
2017). Thus, while the use of native species may be the safer and thus preferable option from 
a conservation standpoint in some countries, Iceland’s forestry sector simply does not have 
as many options. In order to avoid potentially negative effects of non-native species and 
increase adaptability of native species to climate and ecosystem changes, forest reproductive 
material is chosen carefully from genetically already well-adapted parent trees 
(EUFORGEN, 2017).  

Finally, then the controversy and potential risks of using non-native species in forestry 
efforts in Iceland, and elsewhere, needs to be kept in mind in order to ensure long-term 
sustainable forest and land management in line with the conservation of biological diversity. 
In that sense, long-term monitoring of biodiversity in such plantations in Iceland is of 
paramount importance.  

1.3.2 Forest plantations and succession: how does biodiversity 
normally change in planted even-aged forests? 

Even-aged plantations essentially follow a similar successional trajectory as even-aged 
stands with multiple tree species. Generally, the successional stages can be distinguished in 
(1) stand initiation, (2) stem exclusion, (3) understory re-initiation and (4) old-growth 
(Smith, Larson, Kelty, and Ashton, 1997). In un-managed monoculture stands, such as the 
native downy birch, the same dynamics apply, but the canopy layers are fewer and the length 
of each stage may differ (Elmarsdottir et al., 2011). The first stage in even-aged 
monocultures (managed or unmanaged) is usually characterized by a large number of smaller 
trees, which then during the stem exclusion stage compete strongly with one another for 
existing resources (Smith et al., 1997). A meta-analysis of studies published on comparative 
growth of monocultures and mixed plantations has shown that intraspecific competition 
observed in monocultures is often stronger than interspecific competition in mixed stands 
(Piotto, 2008). For highly shade-intolerant species, such as downy birch, this enhanced 
competition typically leads to a shortening of the stem exclusion stage through self-thinning. 
In managed forest, such as the black cottonwood plantation in Gunnarsholt, thinning is often 
used to shorten the stem-exclusion phase and accelerate the transition to the understory re-
initiation stage. At the start of the understory re-initiation stage then, the number of trees will 
have decreased substantially for most even-aged monocultures (Smith et al., 1997).  
Managed forests are often cut before reaching the old-growth stage, and then the stand 
succession starts again after regeneration by self-seeding or planting.  

Each seral stage (successional stage) is characterized by a certain set of biotic and structural 
conditions, which in turn are associated with the presence of different ecological 
communities in the forest (Kimmins, 2004). Typically, the ground vegetation community in 
the stand initiation stage is characterized by short-lived, shade-intolerant species, such as 
herbaceous annuals, due to the higher fraction of open canopy (Smith et al., 1997). 
Consequently, early seral stages support animal communities that depend on the open habitat 
or food sources provided by the vegetation communities associated with those stages 
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(Kimmins, 2004). Bird communities, for example, will contain a higher amount of open-
habitat species. As previously mentioned, the stem exclusion stage is characterized by strong 
inter- and intraspecific competition in the vegetation layers (Smith et al., 1997). The 
competition for resources such as light transforms the ground vegetation, where shade-
intolerant and less vigorous species will be suppressed (Smith et al., 1997). This, in turn, has 
an effect on the animal communities supported during this successional stage. In the 
understory re-initiation stage, the open spaces created through management or natural 
disturbance are often colonized by (regenerating) shade-tolerant plants (Smith et al., 1997). 
Structural heterogeneity ensuing from this successional stage may impact animal 
communities in a variety of ways by providing more diverse habitat, e.g. for both open-
habitat and forest-specialist species. Later seral stages are often also characterized by a 
greater amount of decaying wood, which provides habitat and food sources for insects that, 
in turn, are fed on by some bird species (Kimmins, 2004).  

In summary, monoculture (plantations) follow similar successional trajectories as mixed-
stands, and there are specific plant and animal communities associated with the various 
successional stages. Forest management, e.g. through thinning (as done in Gunnarsholt) or 
clearcutting, can modify successional trajectories and alter the length of certain stages.  

1.3.3 Relevance of this research in the context of afforestation 
and biodiversity 

In light of the severe land degradation observed in Iceland after its settlement, land 
reclamation efforts have become an integral part of land management and environmental 
policy in Iceland (Crofts, 2011). Afforestation is a central tool in these land reclamation 
efforts, but also makes sense from a commercial forestry perspective (Eysteinsson, 2009). 
Land degradation and soil erosion may have substantial negative impact on the already 
limited biological diversity of the country (Crofts, 2011); conservation of biodiversity has 
become an important element of Icelandic legislation on environmental and resource 
management.  

The afforestation of a site is likely to bring about a multitude of changes along the 
successional gradient, which, in turn, will affect biodiversity of the site as well as 
surrounding areas. Long-term research on the effects of afforestation on biodiversity in 
Iceland is thus essential in order to inform future local and national decision-making and 
land management strategies.  The present research project provides such long-term insights 
(25 years), thereby adding partly novel observations to already existing literature and 
enabling a deeper understanding of the ecosystem dynamics ensuing from afforestation in 
Iceland. The study was originally set up to provide a more comprehensive range of insights 
by using inventories on three bioindicator groups: birds, beetles and ground vegetation 
(Jonsson, Halldorsson, and Sigurdsson, 2006).  

1.4 Research objectives 
This thesis project aims to assess changes in biodiversity along a successional gradient of a 
black cottonwood plantation established in South Iceland in 1990. Beetles, birds, and ground 
vegetation were chosen as bioindicator groups for assessing biodiversity of flora and fauna 
at the site. The central objective of this study is to describe and analyze the results of 
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inventory surveys conducted in the Gunnarsholt black-cottonwood plantation. Since its 
plantation in 1990, two earlier monitoring surveys had been carried out: in 1993 and 2003. 
Jonsson et al. (2006) published an overview of the results of the previous two surveys. The 
present study added the third survey to this long-term monitoring project.  

Three levels of analysis can be identified for the present study: Firstly, in order to address 
the central objective of this research, the field survey results of 2017 (for beetles, birds, and 
ground vegetation) are expressed and discussed as population densities and abundances, 
species richness, community structure, and biodiversity indices. Secondly, since the three 
monitoring studies in 1993, 2003, and 2017 provide a long-term insight into changes in 
biodiversity, the latest survey results are compared to previous surveys in the context of 
afforestation and forest succession in the Gunnarsholt experimental forest. This introduces 
a third level of analysis, where the observed results can be discussed in a context of land-
management in general, and forest-management specifically, in Iceland.  

Consequently, the research questions of the present study are as follows:  

(1) What were the population densities and abundances, species richness, community 
structures, and biodiversity indices for monitored beetles, birds and ground 
vegetation in 2017? 

(2) How do the results found in 2017 relate to the results found in the earlier surveys of 
1993 and 2003 in a context of forest succession and landscape change through 
afforestation? 

(3) What are the implications of the present study and the long-term monitoring of 
biodiversity of birds, beetles, and ground vegetation for land- and forest-
management in Iceland? Which conclusions can be drawn from a perspective of 
biodiversity conservation and future resource management in Iceland? 
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2 Methods 

2.1 Experimental site: description and site 
history 

In 1990, an experimental forest covering a land-area of 14.5-hectares was established in 
Gunnarsholt, South Iceland (63º51’N and 20º13’W, elevation 78 m) (Aradottir, 
Thorgeirsson, McCaughey, Strachan, and Robertson, 1997). With the initial objective of 
monitoring the effects of afforestation on microclimate (Aradottir et al., 1997), the forest has 
since become a site for a multitude of research projects within the fields of environmental 
science and forest management.  

This site in South Iceland where the Gunnarsholt plantation is located was formerly an 
abandoned hayfield. Much of the surrounding land is managed by the Soil Conservation 
Service of Iceland (SCSI), which has long been at the forefront of land reclamation efforts 
in Iceland and has managed to change the character of the landscape from barren and 
degraded to fertile land (Crofts, 2011).  

The experimental forest was planted using cuttings of a single clone of Black Cottonwood 
(Populus trichocarpa, clone 63-10-002 ‘Iðunn') as propagules. Though not a native tree 
species to Iceland, it has been used widely across the country and is a fast-growing deciduous 
tree (Eysteinsson, 2009). The abandoned hayfield was cleared of the sod in 1989, exposing 
bare soil with a few remaining grasses (Aradottir et al., 1997). The soil at the site has been 
identified as Vitric Andosol with Aeolian deposits of volcanic tephra (Aradottir et al., 1997). 
The propagules were planted in July 1990 in a one-by-one-meter grid, at an intended density 
of 10,000 trees ha-1. The experimental forest is located in a flat landscape at the lowlands of 
Rangárvellir. This area is partly surrounded by mountainous topography, with mountain 
ranges, glaciers, and the volcano Mt. Hekla in close proximity (Aradottir, Robertson, and 
Moore, 1997). This area in South Iceland is influenced by the subarctic Oceanic climate of 
the region. The average annual temperature of the region is 3.7ºC, with a mean temperature 
of -1.8ºC in January and 10.9ºC in July (Björnsson, 2003; Recare, 2018). The main growing 
season extends over the months June to August, with a mean annual precipitation between 
1500 and 2000 mm rather evenly distributed over the year (Crochet et al., 2007). Common 
land-use practices in the area include animal farming and agriculture.   

Since the site was planted there have been some forest management practices conducted 
which have affected the forest growth and structure. The tree mortality was 16% in the first 
year after planting and in 1991 those dead plants were replaced, resulting in only 2% tree 
mortality 12 years after planting (Sigurdsson, 2003). The initial growth of the trees was slow 
and they suffered repeated autumn frost damage when they were still less than 1 m tall 
(Sigurdsson, 2003). To stimulate the tree growth and enable them to grow beyond the active 
frost layer, the whole site was fertilized with a single dose of NPK fertilizer in 1995, 
amounting to 40 kg N ha-1 (Bogason, 2015).  

In 2004 and 2005, the whole site, except some dedicated experimental plots, was thinned by 
80%, reducing the stand density to ca. 2,000 trees ha-1 (Jonsson, 2007; Jonsson and 
Sigurdsson, 2010). The actual stand density of living trees was measured on eight 150 m2 
circular plots by Bogason (2015), both in thinned areas and on plots left unthinned. Bogason 
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(2015) found that the average stand density on the unthinned plots was 10,115 trees ha-1, but 
the intended 80% thinning in 2004-2005 had reduced the stand density by 79.2%, or to 2100 
trees ha-1. The thinning operation had therefore been rather accurate and met the intended 
goal in stand density well.  

2.1.1 Earlier studies in the Gunnarsholt experimental forest 

The experimental forest at Gunnarsholt is a study-site for various projects relating to forest 
ecology, forest management and soil science, among others. Experiments that have been 
conducted since afforestation in 1990 and are in part still ongoing include projects on how 
afforestation changes energy balance and the hydrological balance of an ecosystem 
(Aradottir et al., 1997; Strachan, Sigurdsson, and McCaughey, 1998a), atmospheric CO2 
enrichment and nutrient cycle study (Sigurdsson, 2001), soils and soil warming (Strachan et 
al., 1998), tree growth (Aradottir et al., 1997; Sigurdsson, Aradottir, and Strachan, 1998b), 
forest management through tree thinning and fertilization (Jonsson and Sigurdsson, 2010), 
and biodiversity (Jonsson et al., 2006), among others. In 2003, the number of published 
journal papers, book chapters and other scientific material from the experimental forest 
counted 23 publications and today there are at least 40 (B.D. Sigurdsson, personal info). 

2.2 Measurements of forest structure 1990-
2017 

The development of the forest structure in the experimental forest at Gunnarsholt has been 
monitored continuously since afforestation of the site in 1990. Across the entire site, 100 
black cottonwood trees were identified at random and have been measured annually for 
height, height increment, crown area and stem diameter (Aradottir et al., 1997; Sigurdsson 
et al., 1998). The tree height and height increment was measured with a measuring tape and 
later with a telescopic height pole, and for the latter the previous years’ shoot scar on the 
stem was taken as a reference point. Stem diameter was measured at 10 cm height, at 50 cm 
height and at breast height (DBH; 130 cm height) with a diameter tape and later with a 
caliper; but in this study only the diameter measured at BH is considered for comparison. 
The author did those measurements with one of their supervisors in 2017.  

After the pre-commercial thinning in 2004-2005, the number of the standing trees measured 
for structural attributes had reduced by 78%, to 22 trees. After the thinning, emergence and 
growth of the stump suckers was monitored for 23 stumps left after thinning. The 
measurements undertaken included the number of suckers that reach at least ½ of the length 
of the dominant one, as well as height, height increment, crown area and stem diameter for 
the dominant stump sucker.  

2.3 Measurements of gap fraction 1990-2017 
Vegetation density can also be measured as leaf area index (LAI) or canopy gap fraction 
(relative openness of the canopy, seen from below, measured as diffuse non-interception of 
light through the canopy). The stand LAI and gap fraction was measured for the eight 
permanent plots established for the biodiversity monitoring projects in 1993 with a LAI-
2000 Plant Canopy Analyzer (LI-COR, Lincoln, Nebraska, USA). Measurements were taken 
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in the years 1993, 1996, 2001, 2003, and 2017. On August 30, 2017, the location for 
measurement of LAI and gap fraction was determined at different points throughout the eight 
permanent survey plots, but in earlier years it was determined on transects crossing wider 
areas within each quadrant of the forest. Apart from the gap fraction, the LAI was estimated 
and further calculations included the Apparent Clumping Factor (ACF) and the Mean Leaf 
Tilt Angle in the canopy (MTA).  

2.4 Ground vegetation survey 
Ground vegetation was measured at all eight 10 x 10 m permanent plots in late August, 
beginning of September 2017 (29.08. – 04.09.2017) using the point quadrant frame method. 
Those permanent plots were established in 1993 (Aradottir et al., 1997) and were distributed 
randomly so two plots are located within each quadrant of the site. They have been monitored 
twice before, in 1993 and in 2003 (Aradottir et al., 1997; Jonsson and Sigurdsson, 2010). 
Within each of the eight 10 x 10 m plots, ten 50 x 50 cm squares were used for vegetation 
surveying. The smaller squares were identified at random at the start of the experiment in 
1993 and have been used for both previous sampling periods in order to ensure continuity 
and comparability between years. In some cases, it was not possible to place the quadrant 
frame at exactly the same square used in previous sampling periods (e.g. if a tree had grown 
thicker); in these cases, the square was moved to the next closest location available.  

Vegetation cover was estimated by counting the total hits by plant species per each of the 
100 pins in the frame. In the data analysis, a distinction is made between total cover and 
surface cover. In order to estimate surface cover, the plant species or surface type first 
touching the pin was noted down separately. Sampling results were collected in Excel, and 
both Excel and SPSS were used for further analysis.  

In order to assess the biodiversity of the ground vegetation in the forest, the Shannon-Wiener 
diversity index (H) was calculated for each permanent plot (Fowler, Cohen, and Jarvis, 
1998). This index was also used to calculate ground vegetation biodiversity in previous years 
(Jonsson and Sigurdsson, 2010).   

When comparing the results from the 2017 measurements to the monitoring periods 1993 
and 2003, the total number of hits per frame for all frames in each permanent plot was used 
for calculating the mean total cover per survey plot (n=8). Furthermore, the different values 
calculated for the Shannon-Wiener Index (n=8) could be used for comparison between 
monitoring periods. Due to missing data in 2003, this year could not be used for direct 
statistical comparison with 1993 and 2017. Therefore, direct comparisons in the Results and 
Discussion are done only for the years 1993 and 2017.  

2.5 Surface fauna survey (beetles) 
To sample beetles (Coleoptera) in the forest, eight Barber pitfall traps, containing anti-freeze 
fluid and a bit of soap, were set up and sheltered by a plastic lid. The traps were placed 
adjacent to four of the eight permanent plots, two traps at the edge of each plot. The sampling 
was done in the same way as in 2003, and the four permanent plots (the same as for the 
vegetation survey) were located within each quadrant of the site (North-East, North-West, 
South-East, South-West) (Jonsson and Sigurdsson, 2010). The eight pitfall traps were set up 
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on May 19 2017. The sampling took place between June 1 and August 30 2017 and 
throughout the summer the pitfall traps were emptied at intervals of approximately two 
weeks.  

The samples were stored in a cool storage until they could be processed in late autumn 2017. 
In order to identify the caught beetles to species/family level, a stereoscopic microscope was 
used. The individuals were grouped and counted by sampling time and plot. Excel was used 
for all calculations. In order to assess biodiversity of beetles in the forest, the Shannon-
Wiener diversity index (H) was used. For the 2017 monitoring period, rove beetles 
(Staphylinidae) were not identified to a species level but counted as one taxon rather than 
taking into account the various different species found. However, in the monitoring periods 
of 1993 and 2003, rove beetles were considered on species level. This limitation was taken 
into account when analyzing and comparing the results over time, by recalculating the results 
for earlier inventory periods with rove beetles as one taxon rather than by individual species. 
Furthermore, because of missing data from 1993 and 2003, only the period from June 16 to 
August 30 2017 was used for statistical comparison with previous measurement periods. For 
1993, the measurement period used for comparison was June 10 to August 19; for 2003 it 
was June 10 to August 18.  

When comparing the results from the 2017 measurements to the monitoring periods 1993 
and 2003, the total number of beetles trapped in each permanent plot was used for calculating 
the total catch per survey plot (n=4). Furthermore, the different values calculated for the 
Shannon-Wiener Index (n=4) could be used for comparison between monitoring periods. 
Due to missing data, the year 1993 could not be used for direct statistical comparison; for 
this reason, only the years 2003 and 2017 have been assessed for statistical significance.   

2.6 Bird survey 
The bird survey was undertaken between May 19 and May 25 2017. The forest was divided 
into eight transects, similar to how it had been done in 2003 (Jonsson and Sigurdsson, 2010). 
However, in 2003, the bird survey also included a formerly fertilized grassland (hayfield), 
which had been abandoned and turned into unmanaged grass- and dwarf-bush heathland, as 
a treeless control area. The aim was to enable comparison to how bird biodiversity would 
have developed without afforestation (Jonsson and Sigurdsson, 2010). These data were used 
again in this project. No bird survey was done in 1993. 

The total transect was covered by walking every third row through the forest from North 
toward South and vice versa, and recording the number of all fresh nests found and species 
of birds who had built them. The transects were located within each 50 m East-West sections 
of the experimental forest (the whole experimental forest is divided into 50 x 50 m areas 
marked with poles) (Aradottir et al., 1997), all starting at their eastern edge, except the first 
transect towards the East, which was located towards the western edge of the most eastward 
50 m area. The first transect was 30 m wide, while the width of the other seven transects was 
reduced in order to adjust the monitoring to the available survey time period. To ensure that 
the breeding density can be compared to the previous survey, the minimum width of the 
transect was set at 18 m. If there was at least one nest found in this area, the transect width 
would remain at 18 m; if not, it was extended by three more rows (3 m) until at least one 
nest was found. This method was developed to avoid zeros in the dataset and explains the 
variations in transect widths.   
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During the field work, a GPS was used to mark the corner points of each transect; converting 
these GPS points into Google Maps showed some inconsistencies with the actual areas 
walked, likely due to limited reception of the GPS unit at time of measurements. Therefore, 
Google Maps was only used to calculate the length of the distance between the forest edges 
for each transect, and the measurements taken on site were used for width. To analyze the 
data, the number of nests was converted into breeding density (nests or pairs per km2) for 
the total of all bird species found and each species individually. All calculations were done 
in Excel.  

When comparing the results from the 2017 measurements to the monitoring in 2003, the 
total number of bird nests of different species in each transect was used for calculating the 
mean breeding density of birds (n=8). Furthermore, the different values calculated for the 
Shannon-Wiener Index (n=8) could be used for comparison between monitoring periods 
with a normal t-test. Paired t-test could not be used, since not exactly the same transects were 
used in 2003 and 2017. 
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3 Results 

3.1 Forest structure 

3.1.1 Tree height growth 

To understand the ongoing changes in the forest biodiversity it is necessary to provide some 
basic insight into changes of the forest structure at different time points. Figure 1 shows the 
changes in autumn tree heights since 1990 and until the last measurement in autumn 2017. 

 

At the time of the first monitoring survey in 1993, three years after the site was established, 
the 100 survey saplings were only on average 0.30 m in height (SE = 10 cm). At the second 
forest monitoring in 2003, just before the pre-commercial thinning took place, the mean tree 
height had increased to on average of 3.05 m (SE = 8 cm), with a dominant tree height of 
4.49 m and a minimum tree height of only 1.15 m (Figure 1).  

 

Figure 1. Tree and stump sucker height increment between 1990 and 2017 in the 
Gunnarsholt Experimental Forest. The empty circles show the mean tree height, with the 
vertical lines depicting the standard deviation. The broke line above the circles depicts 
the dominant (maximum) tree height and the dotted line below the minimum tree height. 

The dark circles show the mean height for the stump suckers that developed after the 
thinning in 2004 and 2005, and the vertical lines the standard deviation. Also shown with 
arrows are the time of planting, two main winter dieback episodes in the early years when 
the trees were <1 m, time of an early fertilization to get the trees to emerge from the frost 

layer, and the time of the 80% thinning. 
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In the spring of 2017, at the start of the third and present monitoring survey, the mean tree 
height had increased to 6.49 m (SE = 21.8 cm). The forest grew during summer 2017 and in 
autumn 2017 when the third survey ended, the mean tree height had further increased to 6.83 
m (SE = 22.5 cm), which was a 124% increase since 2003. By that time, the dominant tree 
height had become 9.29 m and the minimum height of the upper canopy survey trees was 
5.04 m (Figure 1). 

Stump suckers that developed after the thinning of the forest stand were measured from 2005 
onwards; their mean height in 2005 was 0.43 m and increased to on average 3.91 m by 
autumn of 2017, forming a second, lower, canopy layer that affected conditions on the forest 
floor (Figure 1).  

3.1.2 Diameter and Basal Growth 

The DBH of the upper tree layer was on average 0 cm in 1993 (since none of the 100 survey 
trees had grown beyond BH) but increased to 2.73, 8.02 and 8.36 cm by 2003, spring 2017 
and autumn 2017, respectively (data not shown). On average there were 2.86 suckers per 
thinned stump in autumn of 2017, where the thickest stump sucker per stump had a DBH of 
2.05 cm (data not shown). 

The entire forest, except for dedicated experimental areas, was pre-commercially thinned by 
80% in the years 2004 and 2005, reducing the initial stand density of ca. 10,000 trees ha-1 to 
ca. 2,000 trees ha-1. The effect of the thinning could be seen in the reported dominant height 
growth in Figure 1, since the tallest monitored tree was cut, but average tree height was not 
much affected. Basal area (BA) is a better measure of stand structure than tree height or 
DBH; it is calculated as the sum of the cross-sectional area at BH of all standing stems. 
Figure 2 shows the development of BA between 1990 and 2016 (spring 2017). Diameter 
measurements started in 1990, but BA remained at zero until 1995, after the first monitoring 
survey, when the tree height started to exceed BH. At this stage, the stand was sufficiently 
open for all colonized plants to have ample light to grow on the forest floor, if they managed 
to compete with other plants at ground level. 

At the time of the second monitoring survey, in 2003, just prior to the pre-commercial 
thinning of the forest in 2004/2005, the total BA had reached 6.7 m2ha-1 (Figure 2). After 
thinning, stump suckers developed from the recently cut trees and their basal area was 
measured in subsequent years as well. During the third monitoring of the forest in spring 
2017 (i.e. measured in autumn 2016), the basal area (for the total, tree layer and lower canopy 
layer) was 17.4 m2ha-1, or 160% denser than the forest was in 2003. The BA was 10.7 m2ha-

1 for the tree layer in spring 2017 and 6.7 m2ha-1 for the lower canopy layer that developed 
from the stump suckers. The forest actually reached about the same level of total basal area 
in 2008 as it had before thinning in 2003, with a steady increase thereafter (Figure 2). 
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Figure 2. Changes in total forest Basal Area (BA) at breast height (1,3 m) from 1991 to 
2016 in the Gunnarsholt experimental forest. The blank circles indicate the total BA 
(vertical bars = SE of the tree layer). The dark circles indicate the BA from the lower 
canopy layer originating from stump suckers that regenerated after thinning in 2004 
and 2005 (vertical bars = SE of the lower canopy layer). Calculating the difference 

between total BA and lower canopy BA after 2004 gives the BA of the tree layer. Also 
shown with vertical dashed lines is the timing of the three ecosystem inventories that 

have been carried out. 
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3.2 Leaf-Area Index and Gap Fraction 
Leaf-Area Index (LAI) is another way to measure stand density; i.e. the crown density (m2 
leaves over m2 ground). It was measured in all eight permanent survey plots in August 2017. 
Figure 3 shows the measured LAI for all eight permanent survey plots. The mean value for 
all eight plots was 3.57 with a mean standard error (MSE) of 0.10.  

 

     

 

 

 

Figure 4. Lower canopy height (cm) versus LAI for the eight permanent 
survey plots in August 2017 in the Gunnarsholt Experimental Forest. The 

line shows the trend for the measured values and thereby an increase in LAI 
correlating with an increase in lower canopy height. 

Figure 3. LAI of survey plots measured in August 2017 in the experimental forest 
in Gunnarsholt. The vertical bars show the LAI and the vertical lines at the top 

of the bars show the SE for each individual plot. 
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Shade tolerance differs between tree species, but when canopy density exceeds the individual 
shade tolerances, the leaves at the lower levels die and a lower canopy height (or limit) is 
created (i.e. the green canopy is not reaching down to ground level). Such lower canopy 
limits are therefore an indicator for the stand reaching maximum crown density. Plotting the 
measured lower canopy height in 2017 with LAI for each of the plots provided results shown 
in Figure 4. Apparently, the black cottonwood stand had (just) reached its maximum crown 
density and the lower crown limits had started to elevate rapidly with increasing LAI; in the 
plot with the highest LAI, the lower canopy height was ca. at 180 cm. The relationship 
between LAI and lower canopy height was highly significant (ANOVA p<0.001; R2 of 0.54; 
Figure 4).  

The LAI measurement also give the gap fraction (diffuse light reaching through the tree 
canopy down to the level of the ground vegetation; DIFN). Those data are shown in Figure 
5 below. The mean gap fraction for all eight plots ranged between 0.097 to 0.052 with an 
average of 0.07, i.e. only 7% of the diffuse radiation reached the forest floor in August 2017.  

 

 

 

Gap fraction of the Gunnarsholt experimental forest had been measured before; these 
measurements are shown in Figure 6. At the first monitoring survey in 1993, 96% of 
available light reached the forest floor, while it had decreased to 15% during the second 
monitoring study in 2003, just before the pre-commercial thinning took place. Gap fraction 
was not measured after the thinning, but in 2017, when the gap fraction was much lower 
than before thinning, with only 7% of the available light reaching the ground vegetation on 
average (Figure 6).  

Figure 5. Diffuse Non-Interceptance (DIFN) of the eight permanent 
survey plots measured in the Gunnarsholt experimental forest in 
August 2017. This graph shows the gap fraction measured at the 

eight plots. 
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3.3 Ground vegetation survey 

3.3.1 Plant colonization 

Plant colonization across the entire experimental forest plantation in Gunnarsholt had been 
monitored in 1991, 1994, 1996, 2003, and 2017. Plants found in the entire forest in those 
years are shown in a comprehensive table in the Appendix (Appendix 1). Some plant species 
were found each of those survey years since 1993, such as the flowering plants Achillea 
millefolium, Alchemilla vulgaris, Leontodon autumnalis, and Taraxacum spp.; the trees and 
shrubs Populus trichocarpa and Salix lanata; and the grasses Agrostis capillaris, 
Deschampsia cespitosa, Festuca richardsonii, Festuca vivipara, Luzula multiflora, and Poa 
pratensis.  

Figure 6. Gap fraction in percentages measured in the Gunnarsholt 
experimental forest in five distinct years: 1993, 1996, 2001, 2003, and 2017. 

This graph shows a continuous decrease in gap fraction from 1993 to 2017. The 
line is not continued between 2003 and 2017 as the change was not linear due to 

thinning of the forest in 2004/2005. 
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In 2017, three new vascular plant species were observed in the forest that had not been found 
during earlier surveys: the flowering plant Caltha palustris (Figure 7a), and the tree and 
shrub species Sorbus aucuparia (Figure 7b) and Ribes rubrum (Figure 7c).  

3.3.2 Vegetation cover in 2017 

Surface cover was measured as the plant species first touching the pins of the quadrant frame 
in the permanent survey plots, which provided information on the surface characteristics (i.e. 
distribution of vegetated and unvegetated surface), but not on the actual plant abundance and 
diversity of the vegetation. Figure 8 shows that, on average, 62% of the ground surface below 
the forest canopy was unvegetated, 13% was covered by mosses, 2% by lichens and 23% by 
vascular plants. Woody plants (shrubs) were also recorded in the point-quadrant cover 
measurements if they had seemingly naturally regenerated (self-seeded or from root-suckers) 
and they were <50 cm tall (the height of the frame). The “shrub-layer” below the double-
layered forest (tree-layer and lower canopy layer from stump suckers) consisted of two 
species, Salix phylicifolia and root suckers of P. trichocarpa, and amounted to only 0.4% of 
surface cover (Appendix 2). Hence, there was no real shrub layer in the forest at this stage 
in its succession, only tree canopy and ground- and field-layers of vegetation. 

Figure 7. Plant species found in the Gunnarsholt experimental forest for the first 
time in 2017: Caltha palustris (a), Sorbus aucuparia (b), and Ribes rubrum (c). 
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Total cover which included unvegetated cover and sometimes multilayered ground- and 
field- and shrub layer vegetation was on average 183%. Lichens and mosses made up, on 
average, 9% and 48% of total cover, respectively, while 96% were unvegetated surface, and 
28% covered by vascular plant species (Table 1).  

 

 

 

 

On average, across all plots in 2017, litter (the dominant type of unvegetated surface), 
mosses and the grass species A. capillaris were the most common classes found in total 
ground cover, with 86%, 48% and 11%, respectively (see Appendix 3 for comprehensive 
table). However, in some permanent plots, the grasses F. richardsonii and P. pratensis as 
well as lichens were also comparatively common (e.g. plots 1 and 2; Appendix 3).  

Figure 8. Surface cover in percentage (%) of unvegetated surface, 
lichens, mosses, and vascular plants in the Gunnarsholt experimental 

forest in August 2017. 

Table 1. Table showing average percentages (%) of vegetation types 
found in the total ground cover of the eight permanent survey plots in 

the Gunnarsholt experimental forest in late summer 2017. 
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Comparing surface cover and total cover showed some differences for different cover 
classes. Mosses and lichens showed a significantly higher presence in total cover than in 
surface cover (t-test, p<0.001 and p<0.05, respectively; data in Appendices 3 and 2), 
indicating that those field layer classes were often found below the vascular plant layer. 
There was, however, not a significant difference between surface and total vascular plant 
cover (t-test, p>0.05), indicating that the vegetated areas in the understory were covered by 
a relatively sparse canopy of grasses and flowering plants, and were not strongly 
multilayered in 2017. Comparing surface cover and total cover of specific vascular plant 
species also showed only small differences; for A. capillaris, the most common vascular 
plant, cover changed from 9.4% as surface cover to 11.2% as total cover, and this change 
was not statistically significant (Appendices 2 and 3). This again shows that the ground 
vegetation was quite sparse. 

The total cover of vegetated surface present in the permanent plots (86% total cover; see 
above) was further distinguished into taxonomic groups (see Figure 10). Bryophytes and 
lichens accounted for 66.9% of the total cover, grasses for 31.5%, flowering plants for 0.8%, 
rushes for 0.3% (i.e., L. multiflora), regenerating trees for 0.3% (i.e., P. trichocarpa) and 
regenerating bushes for 0.2% (i.e., S. phylicifolia).  

 

 

 

3.3.3 Decadal changes in total cover 

Total cover (all unvegetated surfaces, vascular plant groups, mosses and lichens) varied only 
between 171% and 201% during the whole monitoring period (Figure 11; total bar heights). 
Still, the data showed a trend of an increase between 1993 and 2003 (this could not be tested 
for statistical significance), potentially indicating a denser and more multilayered structure. 
In 2017, the total cover was not significantly different from what it had been in 1993 (t-test, 
p = 0.57). Comparatively to 2003, the data for 2017 indicated a decrease in total cover (this 

Figure 10. Relative contribution (%) of different taxonomic groups to 
the vegetated fraction (86%) of total cover (183%) in the 

Gunnarsholt experimental forest in August 2017. 
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could not be tested for statistical significance), which suggests a more sparse and single-
layered community structure in 2017.  

A comparison of different vegetation cover types between the different survey years showed, 
however, more obvious changes (Figure 11). The unvegetated surface (counting only 
deadwood and litter, though biological crust and bare ground were taken into account in 
2003 as well) changed the most since earlier monitoring periods in 1993 and 2003 as 
compared to 2017, from 26% to 46% and 86% total cover, respectively. This increase in 
unvegetated surface between 1993 and 2017 was highly significant (t-test, p<0.001). 
Another obvious change was the change in the share of vascular plant species since both 
1993 and 2003 (Figure 11). In 2017, only 28.4% of each monitoring subplot was on average 
covered by vascular plants, as compared to 71.7% in 1993 and 84.4% in 2003. The decrease 
of vascular plant species between 1993 and 2017 was significant (ANOVA, p=0.009), 
whereas statistical significance could not be tested for 2003 and 2017, comparatively, though 
the data suggests a decreasing trend. The decrease in the most common vascular plant, the 
grass species A. capillaris, between 1993 and 2017 was statistically significant (p<0.05; data 
not shown). The share of mosses has remained relatively constant. Lichens have, however, 
increased their total cover significantly from circa 1% in both 1993 and 2003 to 9.3% in 
2017 (Kruskal-Wallis test, p=0.003).  

 

3.3.4 Species richness of vascular plants in 2017 

Across all the eight permanent survey plots a total of 10 vascular plant species were found 
in 2017 (Figure 12). These species were L. autumnalis, Taraxacum spp., A. capillaris, F. 
richardsonii, F. vivipara, P. pratensis, D. cespitosa, L. multiflora, P. trichocarpa, and S. 
phylicifolia. It should, however, be noted that Taraxacum spp. were considered as one taxon 

Figure 11. Total cover of surface types as mean percentage per measurement 
frame for the three survey years in the Gunnarsholt experimental forest. The 

measurement periods in the forest were August 6-12, August 22-29, and August 
29-September 3, respectively, in the years 1993, 2003 and 2017. Percentages (%) 

exceed 100% as this was a measurement of total ground cover. 



45 

in the present study, but all other identified vascular plants were distinguished to a species 
level. 

At a main plot level (10 x 10 m) in the forest, the results were not the same. No single of the 
eight permanent plots had a species richness higher than 7 species, with an average of 6 
species across all plots. The individual plots containing 7 species of vascular plants were 
plots 1, 3, 6, and 9. Plots 8 and 10 had the lowest number of vascular plants with 4 species 
each (data not shown).  

3.3.5 Decadal changes of species richness of vascular plants 

Figure 12 shows the species richness of vascular plants in the 10 x 10 m plots in the forest 
comparatively for the three survey years. Species richness declined from 14 species in 1993, 
to 13 species in 2003, and 10 species in 2017. This suggests a declining trend in vascular 
plant species by 29% since 1993, and 23% since 2003. For the years 1993 and 2017, 
comparatively, this meant a significant decrease in vascular plant species richness (t-test, 
p=0.04). The statistical significance of the change between 2003 and 2017 could not be 
tested.  

Furthermore, not the same species were recorded in the subplots each survey year. Species 
that were present only in 1993 included Rumex acetosella, Agrostis vinealis, Spergula 
arvensis, and Chamomilla suaveolens. Some other species did not appear in 1993, but were 
found in either or both of the later surveys in 2003 and 2017; these included D. cespitosa, 
Equisetum arvense, S. phylicifolia, A. millefolium, and Carum carvi. The grass species D. 
cespitosa was the only vascular plant that was found in the subplots exclusively in the year 
2017 (data not shown).   

 

 

Figure 12. Species richness of vascular plants found in the permanent survey plots 
of the Gunnarsholt experimental forest in the survey years 1993, 2003, and 2017. 

Respectively, 14, 13, and 10 species were recorded in those years. 
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3.3.6 Biodiversity Index of vascular plants in 2017 

The mean value for the Shannon-Wiener Index for vascular plants, calculated for the eight 
permanent plots in 2017, was 1.33 (Table 2). This value excludes mosses and lichens, since 
those were not identified to a species level. When calculating the Shannon-Wiener Index for 
each plot individually, results showed that Plot 6 had the highest vascular plant biodiversity 
while Plot 10 had the lowest (1.53 and 1.02, respectively; Table 2).  

 

3.3.7 Decadal changes in the biodiversity index of vascular 
plants 

The values for the Shannon-Wiener Index of the vascular plants in the ground vegetation 
changed much less than species richness (Figure 13). The results indicated an increasing 
trend between from 1.38 in 1993 to 1.63 in 2003, and a decreasing trend back to 1.33 in 
2017.  

 

 

Table 2. Table of calculations for the Shannon-Wiener Indices of the main plots based on 
vegetation measurements taken in the Gunnarsholt experimental forest between August 29 and 
September 3 2017. The table shows only the vascular plant species recorded in the forest. The 

last column on the right shows the Shannon-Wiener Index for the respective plot. 
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Species evenness was calculated for each of the three years given species richness and the 
Shannon-Wiener Indices. Species evenness was highest in 2003 with a value of 0.64 (1 
signifying a completely even species distribution). In 1993 it was lowest at 0.52, and in 2017 
it was 0.58.  

3.4 Surface fauna survey (beetles) 
In 2017, surface beetles were measured as an indicator of surface fauna between May 19 and 
August 30. The pitfall traps stayed in the ground for the whole period, but were emptied and 
replaced six times over that period. The results for 2017 thus represent the entire 
measurement period. In order to make the data comparable to previous survey years (1993 
and 2003), in some instances data collected between June 16 and August 30 2017 was chosen 
as a reference point.  

3.4.1 Abundance of beetles in 2017 

In 2017, an average of 12 beetles were caught in each trap per day over the period of May 
19 to August 30. However, beetle abundance varied throughout the summer as shown in 
Figure 14a (which shows mean accumulated catch per trap per day since last emptying). The 
accumulated catch generally varied between circa 20-30 beetles per trap from spring to late 
July, except for the latter part of June, when it was 6 beetles per trap for that sampling 
interval. In August, the accumulated catch was higher at 60 beetles per trap; this result, 
however, was not entirely representative when compared to the previous sampling dates: 
while the other sampling intervals were all about two weeks long, the last sample (July 28 
to August 30) contained beetles caught over a four week time-frame. This likely explained 
the comparatively high population density for that last measurement – a limitation that must 
be taken into account when analyzing the data.  

Figure 13. Mean value Shannon-Wiener Indices calculated for the years 1993, 
2003, and 2017 based on vegetation measurements taken in the periods August 6-
12, August 22-29, and August 29-September 3, respectively, in the Gunnarsholt 

experimental forest. 
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3.4.2 Seasonal changes in beetle abundance 

Figures 15 shows the seasonal variation of total caught beetles over the period from May 16 
to August 28 2003. These results should be compared to Figure 14b above, showing the 
seasonal variation for the sampling period in 2017. In 2003, there was a steady increase in 
the “population density” of beetles after June 10 (second node). On the contrary, in 2017, 
the distribution did not follow a steady increasing trend, but fluctuated between increase and 
decrease between every sampling interval. Both showed, however, maximum beetle catches 
towards the end of the season.  

Seasonal beetle data was missing for the 1993 period, so no comparison could be made for 
the earliest sampling period.  

Figure 14. Distribution of average beetle catch per trap and day (N=8) (a) and total 
beetle catch (b) over the sampling period May 19 to August 30 2017 in four 

permanent measurement plots in the Gunnarsholt experimental forest. The specified 
nodes in the line graph refer to the middle day of each sampling interval, i.e. 

between each emptying of the pitfall traps. 

b 

a 
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3.4.3 Decadal changes in beetle abundance 

In 1993 the seasonal average beetle catch was 4 beetles/day between June 10 and August 19 
in the newly established plantation. In 2003, it had increased dramatically (4.5 times) and 
was 18 beetles/day between June 10 and August 18 2003 (Figure 16). In 2017, it was found 
to be 16 beetles/day between June 16 and August 30 (Figure 16).  

 

Figure 15. Total number of beetles caught over the sampling period May 16 to 
August 28 2003 in four permanent measurement plots in the Gunnarsholt 

experimental forest. The specified nodes in line graph refer to the middle day of 
each sampling interval, i.e. between each emptying of the pitfall traps. 

Figure 16. Average beetle densities per day for the measurement periods June 10-
August 19 1993, June 10-August 18 2008, and June 16-August 30 2017 in the 

Gunnarsholt experimental forest. 
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3.4.4 Seasonal changes in community structure of beetles in 
2017 

The most common beetle species in 2017 were the ground beetles (Carabidae) Patrobus 
septentrionis and Trechus secalis, and the click beetle (Elateridae) Hypolithus riparius, with 
a total of 505, 294, and 74 individuals as total catch between May 19 and August 30 2017, 
respectively. The snout beetle species (Curculionidae) Othiorhynchus nodosus and the 
ground beetle Calathus melanocephalus were relatively less common, with 20 and 21 
individuals, respectively. The taxon rove beetles counted 419 individuals over the same 
amount of time.  

Figure 17 shows how the seasonal variation in the individual carabid species as well as the 
rove beetles (as one taxon) over the sampling period in 2017, measured as catch per trap 
(N=8). Both the rove beetles as well as the carabid species T. secalis increased in numbers 
towards the end of the summer, starting in late June, explaining the late season maximum in 
beetle abundance (Figure 17).  

 

 

 

Figure 17. Seasonal distribution of ground beetles, snout beetles, click beetles (species 
level) and rove beetles (recorded as one taxon) for the measurement period May 19 to 

August 30 2017 in the Gunnarsholt experimental forest. Numbers are shown as 
catch/trap/middle day of each sampling interval. The x-axis begins with the middle day of 

the first sampling interval and ends with the middle day of the last sampling interval. 
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3.4.5 Decadal changes in community structure of beetles 

Only three species were found in all three sampling years: C. melanocephalus, H. riparius, 
N. biguttatus, as well as individuals of the taxon rove beetles (data not shown). Five species 
were only found in 1993; Amara quenseli (Carabidae), Bembidion bipuncatum (Carabidae), 
Hydroporus nigrita (Dytiscidae), Nebria gyllenhali (Carabidae), and Trichocellus cognatus 
(Carabidae), while two species, Bembidion grapei (Carabidae) and Byrrhus fasciatus 
(Byrrhidae), were exclusively found in 2003. In 2017, one new species, T. secalis, was found 
in the forest and was the second most common over the entire sampling period (data not 
shown).  

Seasonal data is not available to compare to 1993. Figures 18a and 18b show the relative 
beetle community structure in 2003 compared to 2017. In both survey years, some species 
were only found during one or two sampling intervals during the summer (e.g., B. fasciatus, 
B. grapei, and N. biguttatus), while others were present throughout the summer (e.g., P. 
septentrionis, species of the taxon rove beetles, O. nodosus, and C. melanocephalus).  

While differences in seasonal distribution of beetle species could be seen within as well as 
between the years, the most striking difference between 2003 and 2017 was the increased 
share and the relative dominance of the species P. septentrionis and decreased share and 
relative dominance of the taxon of rove beetles in 2017 compared to 2003. However, when 
comparing the total catch of the two taxa with regard to their seasonality (grouped into six 
parts of the sampling season) between 2003 and 2017, only P. septentrionis showed 
significant changes (t-test, p=0.02).  

Rare species do not necessarily show clear seasonal dynamics in this way of sampling. In 
this context the species H. riparius and P. adstrictus should be pointed out: While in 2003, 
individuals of the species P. adstrictus were found during every sampling interval 
throughout the summer, in 2017, only one individual was found in the first sampling interval 
(May 19 to June 1) and not thereafter (Kruskal-Wallis test, p=0.02). Similarly, in 2003, only 
one individual of the species H. riparius was found during the sampling interval July 1 to 
July 15 and not thereafter, while in 2017 this species commonly occurred in samples 
throughout the summer (Kruskal-Wallis test, p=0.003) (Figure 18a and 18b). These results 
provide insight into the overall presence at different stages of the forest cycle rather than 
their seasonality.  
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Figure 18. Seasonal distribution of various beetle species, and individuals of the family of rove 
beetles recorded as one taxon for the measurement periods May 16 to August 28 2003 (a) and 
May 19 to August 2017 (b) in the Gunnarsholt experimental forest. The area graphs show the 

stacked shares of each species in relation to the share of all species observed, making the total 
100%. The x-axes begin with the middle day of the first sampling interval and end with the middle 

day of the last sampling interval. 

b 

a 
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3.4.6 Species richness of beetles in 2017 

In 2017, seven species belonging to the families of ground beetles, click beetles, and snout 
beetles were recorded over the course of the entire monitoring period (May 19 to August 
30): P. septentrionis, H. riparius, O. nodosus, P. adstrictus, T. secalis, N. biguttatus, and C. 
melanocephalus. In addition to these beetle species, individuals of the taxon rove beetles 
(Staphylinidae) were recorded throughout the summer and grouped under one taxon rather 
than by individual species. The species richness varied seasonally between 5 and 7 taxa 
(distinct beetle species plus taxon of rove beetles; Figure 19). It was highest both at the 
beginning and end of the season. 

 

3.4.7 Decadal changes in species richness of beetles 

Species richness of beetles has stayed rather constant when comparing survey years, even 
though species composition changed over time (see later). Species richness in 1993 and 2003 
was 8 beetle species recorded each year, as compared to 7 species in 2017. This difference 
was not tested statistically since the species richness reflects the total number found each 
year. 

3.4.8 Biodiversity index of beetles in 2017, and as compared to 
1993 and 2003 

Using the Shannon-Wiener Index on the beetle data collected between June 16 and August 
30 2017 gives a mean (N=4) index of 1.26 for the seven beetle species plus the rove beetles 
counted as a single taxon. Calculating the SW-Index for the data-set as a whole without 
taking the four plots into account gives an index of 1.32 (Figure 20).  

Figure 19. Species richness recorded in the Gunnarsholt experimental forest 
between May 19 and August 30 2017. The specified nodes in the line graph refer 
to the middle points of each sampling interval, i.e. between each emptying of the 

pitfall traps. 
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Because of missing data in 1993 and 2003, the Shannon-Wiener Index was not calculated as 
an average for the four plots each year, but rather as one value for the two total datasets for 
those years. This means that statistical analysis cannot be applied to the decadal differences. 
The trends were, however, that in 1993 the SW-Index was 1.62; in 2003, it dropped by more 
than half, to 0.53, because of the strong dominance of the rove beetles, which were not 
included at a species level, and in 2017 it had increased again to 1.32 with the decreasing 
dominance of the rove beetles. These results thus showed an inconclusive decadal trend in 
the biodiversity index of beetles.   

3.5 Breeding density of birds 

3.5.1 Population density, species richness and community 
structure in 2017 

The mean breeding density for the total of the three bird species recorded in the forest in 
May 2017 was 800 pairs/km2 (SE=119). The three different bird species that were observed 
nesting within the eight transects monitored during the survey: common snipe (Gallinago 
gallinago; Figure 21a), redwing (Turdus iliacus; Figure 21b), and common wood pigeon 
(Columba palumbus; Figures xc and d). This was the first confirmed instance that wood 
pigeon has been found breeding in Iceland. The birds were not spotted, but the species 
identification was made from pictures of the nest and egg shell remains (Figure 21c and d). 

Figure 20. Shannon-Wiener Indices calculated for the years 1993, 2003, and 2017 
for beetle species in the Gunnarsholt experimental forest. 
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The redwing was the most common bird and was found nesting in the forest with a mean 
breeding density of 640 pairs/km2 (SE=102), or an 80% share of the total. The common snipe 
was the second most common bird with a mean breeding density of 139 pairs/km2 (SE=48) 
or a 17% share. The wood pigeon was the least common species, with only one nest found 
within one transect, but which translated to a mean breading density of 20 pairs/km2 (SE=20) 
or a share of 3% (Figure 22). 

 

 

 

 

 

 

 

 

 

Figure 21. Pictures of the nests and eggs of the three bird species found nesting 
in the Gunnarsholt experimental forest across eight transects between May 19 
and May 25 2017. The bird species found were common snipe (a), redwing (b), 

and common woodpigeon (c and d). 
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Figure 22. Breeding density of three bird species (redwing, common snipe, and 
wood pigeon) recorded in the Gunnarsholt experimental forest across eight 

transects between May 19 and May 25 2017. The bars show the breeding density 
(exact number written within the bar), the vertical lines at the top of the bars 

show the standard errors. 

Figure 23. Total breeding densities (pairs/km2) recorded in late 
May/beginning of June 2003 and May 19 to May 25 2017 in the 

Gunnarsholt experimental forest. For the year 2003, breeding densities 
recorded in the forest as well as the tree-less control site were included. 
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3.5.2 Decadal changes in breeding density of birds 

Breeding density of birds was not surveyed in 1993, but instead it was surveyed at a nearby 
treeless site in 2003, as a proxy for how it could have been before afforestation took place. 
At the control-site the breeding density was found to be 72 pairs/km2. In the forest the 
breeding density was double as high in 2003, or 143 pairs/km2, and the increase was 
significant (Kruskal-Wallis test, p<0.05). The increase from 2003 to 2017 was, however, 
more than five-fold over the time of 15 years, or 800 pairs/km2 and highly significant (t-test, 
p<0.001; Figure 23). The increase from the control-site to the forested site in 2017 was also 
highly significant (t-test, p<0.001).  

3.5.3 Decadal changes in community structure and species 
richness of birds 

The relative dominance of the redwing increased from 75% in 2003 to 80% in 2017 (see 
Figure 24). The breeding density of the redwing showed a six-fold increase over this time 
period (Figure 24).  

The species richness in the nearby tree-less control site recorded in 2003 was 4 species, while 
2 and 3 species were recorded in the black cottonwood forest in 2003 and 2017, respectively 
(Figure 24). The change in species richness in the forest was not significant (Kruskal-Wallis 
test, p=0.07).  

 

 

 

 

Figure 24. Community structure and species richness of the tree-less 
control site and the forest at Gunnarsholt in 2003 and the forest in 2017. 
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There was a greater change in species composition than species richness. Out of the four 
bird species in the nearby tree-less control site, three of them were not found in the forest; 
meadow pipit (Anthus pratensis), European golden plover (Pluvialis apricaria), and dunlin 
(Calidris alpina) (data not shown). Common snipe breaded both inside and outside the 
forest, but redwing was only found in the forest in 2003. Both the redwing and the common 
snipe were recorded in the forest in 2017 as well, while the wood pigeon was not found 
breeding in 2003, nor within the tree-less control site. There exist, however, photographs of 
eggshell-remains that were found in 2003 which seem to indicate that the wood pigeon had 
probably already colonized the forest, even if the nest was not found within the surveyed 
transects of the forest (Figure 25).  

 

 

3.5.4 Biodiversity index of birds in 2017, and decadal changes 

Using the Shannon-Wiener Index on the data collected during the bird survey in 2017 gave 
a total index of 0.55 for the Gunnarsholt forest. In 2003, the index was 1.33 for the tree-less 
control site, and 0.56 for the forest (Figure 26). However, recalculating the index not as a 
total per species but per species and plot gave different results, where the mean index was 
0.35 for 2017, and 0.17 for both the control-site and the forest in 2003.  

Figure 25: Picture of wood pigeon eggshell found in the 
Gunnarsholt experimental forest during the bird survey in 2003. 
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Figure 26. Shannon-Wiener Indices calculated for the years 2003 (tree-
less control site and forest) and 2017 (forest) in the Gunnarsholt 

experimental forest area. 
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4 Discussion 

4.1 Forest structure 

4.1.1 Successional stage of the forest 

Forest structural elements measured in 2017 showed some anticipated developments over 
time; e.g. a steady increasing trend in dominant tree height and other tree-size attributes since 
the last vegetation survey in 2003 (Figure 1). It did, however, come as some surprise that the 
effects of the 80% pre-commercial tinning in 2004/2005 were so short-lived, mainly because 
of the vegetative regeneration from the thinned trees as stump suckers, which quickly 
developed a second canopy layer in the forest (Figure 1 and 2). In fact, the total basal area 
(BA) had returned to similar values within four years after the 80% pre-commercial thinning, 
and both total and lower canopy BA (from the stump suckers) showed a steadily increasing 
trend thereafter (Figure 2). Stand basal area is a good measure of forest density (Smith et al., 
1997). This indicates that the living conditions at the forest floor were not as much affected 
by the pre-commercial thinning as would have been expected, and that the forest was still 
rapidly moving into the successional stage that has been called ‘the thicket stage’ in forest 
ecology (Smith et al., 1997). This stage is characterized by the darkest conditions and 
minimum vascular plant cover that typically occurs during the live-cycle of a planted, even-
aged forest (Smith et al., 1997).  

Other measurements of growing conditions supported the above analysis. LAI and gap 
fraction measurements showed that the black cottonwood stand had just reached its 
maximum crown density, indicated by the upward move of the lower living canopy level 
and the low percentage (7%) of incoming light reaching the forest floor. As stated before, 
these structural characteristics indicate changes that are typically observed along a forest 
succession gradient (Smith et al., 1997; Kimmins, 2004), where the crown height increases, 
a lower canopy starts to develop and the forest becomes denser with less light reaching the 
forest floor (Elmarsdottir et al., 2011). Such changes would be expected to have a substantial 
effect on the flora and fauna on the forest floor (see later).  

4.1.2 What if the forest had not been thinned? 

It is also relevant to note how the forest would have developed had it not been pre-
commercially thinned in 2004/2005. In 2004, a thinning experiment was established within 
the Gunnarsholt experimental forest (Jonsson, 2007; Jonsson and Sigurdsson, 2010; 
Bogason, 2015), where some plots remained unthinned, some were 50% thinned, and others 
were thinned by 80%, like the remainder of the forest. In autumn 2014, the dominant height, 
mean height and diameter at breast-height (DBH) on the unthinned plots was 8.0 m, 6.7 m 
and 6.0 cm, respectively (Bogason, 2015). The trees on the 80% thinned plots were, 
however, 7.1 m, 6.2 m and 8.3 cm for the same parameters, indicating a 7% reduction in 
mean height growth but 38% increase in mean diameter growth of the remaining trees with 
the increased spacing ten years after the thinning was done (Bogason, 2015). Because of the 
increased post-thinning growth rate, thinned forests will sooner reach the pre-thinning 
(dense) conditions than the growth rate prior to the thinning would have predicted, even 
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without the phenomenon observed in the present study of a second canopy developing from 
stump suckers.  

According to Bogason (2015), the basal area (BA) of the unthinned plots was 32.3 m2 ha-1 
in autumn 2014, which is close to the self-thinning limit for black cottonwood in Iceland, 
i.e. if the stand had not been thinned in 2004 and 2005 it would be as dense and dark as 
biologically possible now (would have moved into the darkest thicket stage by now) and the 
smallest black cottonwood trees would have succumbed and died. The observed total BA of 
the experimental forest in 2017 was 17.4 m2 ha-1, or only circa half of what it was in the 
unthinned plots in the thinning experiment in 2014 (Bogason, 2015). Hence, the pre-
commercial thinning did have a strong effect on the conditions in the forest in 2017.  

4.2 Ground vegetation 
The ground vegetation survey carried out in 2017 showed changes in surface cover classes 
as well as vascular plant species richness and composition when compared to the previous 
surveys in 1993 and 2003, which reflected the abovementioned changes in structural 
attributes of the black cottonwood plantation.  

4.2.1 Surface cover of ground vegetation 

A comparison of surface cover and total cover of the ground vegetation showed that it was 
not strongly multilayered in 2017, with a low share in the cover of vascular plant species: 
Only 23% of the surface cover and 28% of the total cover consisted of vascular plant species, 
while 62% and 96%, respectively, were unvegetated surface. The sparse canopy of grasses 
and flowering plants observed in 2017 is likely linked to the decrease in light reaching the 
forest floor. The low level of irradiance reaching to the ground-level of the forest may thus 
have been a limiting factor for the growth of plants below the canopy.  

Between 1993 and 2017 there was a highly significant (p<0.001) increase in unvegetated 
cover and a significant decrease in vascular plant cover. Similar shade-driven changes have 
also been observed in chronosequences of other even-aged native and exotic forest types in 
Iceland (Elmarsdottir, et al., 2011). Consequently, the black cottonwood plantation at its 
later successional stage in 2017 supported a relatively low share of vegetated ground surface. 

The proportionally high share in unvegetated surface is also likely linked to the pre-
commercial thinning operation done in 2004/2005, after which all the felled trees were left 
on site (Jonsson, 2007). The decaying wood on the forest floor was partly responsible for a 
loss of suitable growing space for vascular plants. It may, however, have become an 
important substrate for plants and fauna later in the forest succession (Kimmins, 2004).  

The results obtained in 2017 showed a vegetation community indicative of a forest in a later 
successional stage. Comparing these results to those obtained in 1993 and 2003 provides 
insight into changes in ground vegetation biodiversity along a trajectory of forest 
development. Some changes were observed in the total cover since the first survey in 1993, 
however a statistical comparison between 1993 and 2017 of total ground vegetation cover 
showed no significant change. Data indicated a potential increasing trend between 1993 and 
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2003, and a potential decrease between 2003 and 2017. This would suggest that greater 
changes in total vegetation cover happened in the first half of the forest development.  

4.2.2 Community changes 

While the total cover showed no significant change between the early stage of the forest 
plantation in 1993 and the stage of greater stand maturity in 2017, the plantation did undergo 
significant changes with regards to the composition of ground vegetation type.  

In 2017, D. cespitosa was found for the first time in the permanent sampling plots. The grass 
species is commonly distributed in Iceland (Kristinsson, 2017) and typically found over a 
wide successional range, both as an early colonizer and in “climax” communities (Walsh, 
1995). However, it is not commonly found in forest ground vegetation (Walsh, 1995). The 
fact that it occurred in the later stage of forest development in the Gunnarsholt forest may 
be due to changes in soil characteristics and moisture regime (further research is needed 
here); altogether, however, it still made up a very low share of the vascular plant species 
sampled.  

Some vascular plant species were only found in 1993, which suggests they may have a 
greater preference for open-habitat and a higher light dependency, thus occurring only in 
earlier stages of the forest cycle. These species were R. acetosella, A. vinealis, S. arvensis 
and C. suaveolens.  

The most common vascular plant species found across all three survey years, A. capillaris, 
also decreased significantly between 1993 and 2017. The grass species is commonly found 
in Iceland, across most regions of the country and with a preference for fields and woodland 
habitat (Kristinsson, 2017). A. capillaris is able to colonize on a wide range of soil 
conditions, but when found in woodlands, it typically prefers the more open habitats (Global 
Invasive Species Database, 2018; Emorsgate Seeds, 2018). As also observed in the present 
study, it is often the dominant grass species (Global Invasive Species Database, 2018).   

At the permanent plots with above average gap fraction (Plots 1 and 2; 9.7% and 7.2% of 
light reaching the forest floor, respectively), the grasses F. richardsonii and P. pratensis 
were also relatively common in the total ground vegetation cover measured. This could 
indicate a higher preference of these two grasses for the more open and less shaded areas in 
the forest; however, further data analysis would need to be carried out in order to see whether 
this correlation is statistically significant. The grass F. richardsonii, is very common in 
Iceland and typically found in sandy and gravelly areas with a preference for cultivated land, 
sites of bird breeding or meadows (Kristinsson, 2017). The grass P. pratensis is also very 
common in Iceland, with a habitat preference for grassland, fields and fertilized sites with 
moist soils (Kristinsson, 2017). Consequently, another environmental factor for the 
occurrence of those two species, apart from the shading, could be patchiness in the site 
fertility. 

4.2.3 Species richness  

In Iceland, similar studies on the effects of afforestation on ground vegetation have shown 
that with decreasing gap fraction, thus a decrease in the amount of light reaching the forest 
floor, the number of plant species decreased simultaneously (Elmarsdottir et al., 2008). 
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Species richness is thus often found to be lower in the later stages of an afforested site. A 
decreasing trend, though not a strong one, in the number of vascular plant species was also 
found during the present study; species richness went from 14 in 1993 to 13 in 2003 and 10 
in the latest survey in 2017. This species richness of vascular plants is relatively low 
compared to other studies from different even-aged forests in Iceland (e.g., Elmarsdottir and 
Magnusson, 2007). 

In 2017, some new plant species were observed in the Gunnarsholt forest outside of the main 
vegetation sampling plots. Those species were C. palustris, R. rubrum, and S. aucuparia. 
Both R. rubrum and S. aucuparia are commonly found in forests or at forest edges, with 
some preference for man-made or disturbed habitat and, in the case of the former, for slightly 
wetter sites (Räty, Caudullo, and de Rigo, 2016; IUCN Red List, 2018a; New England Wild 
Flower Society, 2018). The presence of the species C. palustris, on the other hand, was 
somewhat of a surprise; it grows in a wide range of wet habitats, including wet woodland, 
but is typically found at the edges of bodies of water (IUCN Red List, 2018b), which was 
not the case in the Gunnarsholt forest. The presence of this species in the forest may thus 
indicate fairly humid conditions in the dense forest.  

4.2.4 Biodiversity 

Biodiversity of ground vegetation measured in the forest with the Shannon-Wiener Index in 
1993, 2003, and 2017 also underwent some change along with the development of the forest, 
with the maximum in 2003 (1.63) at an early-successional stage (Figure 13) while the 
biodiversity index was similar in 1993 and 2017. This comparatively higher biodiversity 
index of 2003 poses a question: “If both species richness as well as the total cover share of 
vascular plant species were almost equal in 1993 and 2003, how can biodiversity then be 
higher for 2003?” The Shannon-Wiener Index takes into account both species richness and 
species evenness, suggesting, then, that in the case of the Gunnarsholt forest there was a 
greater change in species evenness (than species richness) over the years, affecting the 
biodiversity of vegetation measured in the permanent plots.  

Species richness is the most common measure used in assessing species diversity (Stirling 
and Wilsey, 2001). While species evenness has predominantly been seen as positively 
correlated with species richness (Perry, Oren, and Hart, 2008; i.e. as species richness 
increases, the number of similarly dominant species also generally increases), some studies 
have suggested the possibility of an independent relationship between the two (Stirling and 
Wilsey, 2001; Zhang et al., 2012). Stirling and Wilsey (2001) mention that studies 
supporting this notion expressed that species evenness can change, for example through 
ecological processes (e.g. succession, predation or competition), without any changes in 
species richness being observed, thus impacting overall diversity.  

Succession and accompanying changes in structural forest composition may have had such 
an effect on species evenness in the Gunnarsholt experimental forest and therefore the 
proportional diversity observed in ground vegetation, while not affecting species richness of 
vascular plants to a great extent (as was shown). Due to missing plot-level biodiversity data 
from earlier studies for statistical analysis, it is not possible to make definitive conclusions 
in this regard in the present study. Therefore, a more thorough study of the older and present 
data from Gunnarholt would be informative. Moreover, this may indicate that it may be 
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important to look at species evenness independently from species richness when assessing 
biodiversity in other comparable research projects in Iceland and abroad.  

4.2.5 Implications for management 

From a biodiversity conservation management perspective, the results illuminate a possible 
decision-making trade-off. Taking only the results of this very localized and highly specific 
study, it may be concluded that the highest values in species richness, species evenness and 
total biodiversity of ground vegetation do not always occur simultaneously along a 
successional gradient. If one were to manage for species evenness or total biodiversity of 
ground vegetation, maintaining relatively open forest stand structures such as seen in 2003 
may be the preferable management strategy. However, if increasing or maintaining higher 
levels of species richness were the target, non-forested or at least not densely forested sites 
(such as 1993 or earlier in Gunnarsholt) should be the targeted ecosystem type. Which type 
of outcome is managed for also depends, of course, on much more than just vegetation 
biodiversity, but on the interactions with other ecological communities present in the 
ecosystem, such as birds and beetles. This notion will be further discussed at a later point of 
the chapter.  

4.3 Beetles 
The discussion of the survey results will focus on carabid beetle species (Coleoptera, 
Carabidae) due to their indicator potential for a wide array of ecological changes (Koivula, 
Kukkonen, and Niemelä, 2002; Mullen et al., 2008). The focus here will be on the results 
obtained during the beetle surveys in 2003 and 2017, where the two survey years represent 
different stages of forest succession. It is widely accepted in the scientific literature that 
population structure characteristics of carabid beetles change along a trajectory of forest 
succession, due to the resulting (micro) habitat changes (Niemelä, 1993; Niemelä, Haila, and 
Punttila, 1996; Koivula et al., 2002; Mullen et al., 2008). Many of those studies have focused 
on the boreal forest or taiga biomes and relatively little research has been done on the effect 
of forest succession on beetle population characteristics over time in high-latitude 
broadleaved forests or in forests in general in Iceland (Elmarsdottir et al., 2011). In this 
sense, the present study provides a necessary addition to research on the effects of 
afforestation on carabid beetle population structures in Iceland. It is also the longest running 
research project on beetles in Iceland, and can thus give new insights into the study from a 
local context.  

4.3.1 Community composition 

It has been extensively studied in scientific literature that forest succession affects the species 
composition of carabid beetles at different stages of the forest cycle (Niemelä et al., 1996; 
Butterfield, 1997). This is mainly linked to the sensitivity of carabid beetles to changes in 
habitat characteristics, such as changes in canopy-cover and, consequently, ground 
vegetation diversity, as well as soil characteristics, temperature and the presence or absence 
of deadwood and litter, which can contribute to micro-habitat heterogeneity (Niemelä et al., 
1996; Magura, Tothmeresz, and Elek, 2003). Indeed, the Gunnarsholt forest has undergone 
some visible structural changes throughout its development (see Chapter 3.1 and 3.2.), 
mostly with respect to the share of unvegetated surface cover and vascular plant cover.   
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Species composition and abundance in both years seemed to follow a similar pattern: There 
were a few species that were very abundant, while for the majority of species found the count 
of individuals sampled was relatively low. This pattern was much stronger in 2017 than in 
2003, when only one carabid species was very abundant. In both years, P. septentrionis was 
the carabid species with the highest number of individuals recorded. In 2017, the only other 
abundant species was T. secalis. The pattern described here for the present study has actually 
been observed in other studies and is considered to be characteristic for carabid communities 
found in forests at later successional stages (Koivula et al., 2002; Niemelä, 1993). Given the 
stage of the forest cycle in 2017, it makes sense that this particular abundance distribution 
described in the literature was observed more strongly in the survey year 2017 than in 2003. 
At the point of the last survey, the forest more closely resembled a mature forest. It had 
undergone thinning, which even though was the result of planned forest management, 
resembled natural disturbance and likely contributed to the formation of important micro-
habitat for carabid beetle species due to the deadwood left on the forest floor.  

In fact, it is interesting that the abundance distribution observations still hold for the 
monoculture plantation in the Gunnarsholt forest, even though in most of the previous 
studies done the forest stands were heterogeneous and mostly boreal forest stands (Niemelä, 
1993; Koivula et al., 2002). In that sense, it might be the development of more diverse 
microhabitats through the increased presence of litter and deadwood in later stages of forest 
succession that is able to explain the abundance distributions, rather than the type of forest 
stands and plant cover. It has nonetheless been found that carabid species richness is related 
to the type of forest cover; studies have shown that afforestation or reforestation with 
monoculture plantations decreased species richness of carabid beetles compared to 
unplanted grasslands or other natural open-habitat types that plantations would be replacing 
(Butterfield, Luff, Baines, and Eyre, 1995; Magura et al., 2003; Mullen et al., 2008). Thus, 
both the forest stand cover as well as ground cover and the presence and type of microhabitat 
available have an influence on factors influencing overall carabid beetle biodiversity.  

Key life-history traits of the beetles 

The most noticeable results regarding the life-history traits of the dominant beetles were: (1) 
the continuous dominance of the carabid species P. septentrionis throughout both years, 
which may suggest that this species is a generalist species found at all stages of the forest 
cycle; (2) the high abundance of the carabid species T. secalis in the last survey in 2017 and 
the fact that it was not found in the earlier stages of forest development, suggesting this 
species may be a forest specialist that favors closed-canopy habitat; (3) the differences in 
abundance of H. riparius (Coleoptera: Elateridae) and P. adstrictus between 2003 and 2017, 
may suggest that both will be found throughout the forest cycle, but with the former favoring 
closed-canopy habitat stages and the latter more open canopy habitats found early and later 
in the forest cycle.  

Similar studies on beetle composition along forest succession gradients have shown the 
following results for species also found in the beetle survey: (1) Several studies have shown 
that T. secalis was always among the most abundant ones (Wallin, 1986; Niemelä et al., 
1988; Komonen, Övermark, Hytänen, and Halme, 2015). (2) While few studies exist on 
beetle samples including the species P. septentrionis, the ones that do, found it to be the most 
abundant species in a range of different habitats (Erikstad, Byrkjedal, and Kalas, 1989; 
Braten et al., 2012). The observations regarding P. septentrionis made during the present 
study were supported in previous literature, where the species is commonly found in open 
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as well as forested habitats, suggesting it is a generalist species (Erikstad et al., 1989). 
However, more research similar to the present one is needed in order to more 
comprehensively describe habitat choices of this carabid species. (3) The observations made 
regarding T. secalis in the present study were not entirely in line with existing literature. 
While the results suggested the species to be a forest specialist, this was only supported by 
one study (Wallin, 1986), and the majority of scientific papers lists the beetle as a generalist 
species (e.g., Niemelä et al., 1988; Koivula et al., 2002; Noreika and Kotze, 2012; Barsoum 
et al., 2014; Komonen et al., 2015). In this context, it is unusual that T. secalis was found 
only later in the forest cycle in the present study of the Gunnarsholt black cottonwood 
plantation. Further research needs to be done in order to assess the local factors that may be 
able to explain the species composition found in the Gunnarsholt forest, and could involve 
regression analysis with the presence of structural features (e.g., deadwood and litter, 
vascular plant diversity, soil attributes, etc.).  

The carabid species P. adstrictus was found in all samples across the summer of 2003, and 
was the second most abundant species after P. septentrionis (though with a large gap). In 
2017 samples the species had almost entirely disappeared, with only one individual found at 
the beginning of summer. This is congruent with other research done on the species, where 
it is commonly listed as an open habitat specialist species (Niemelä et al., 1988; Komonen 
et al., 2015). It is not uncommon for open-habitat species to be found later on in the forest 
cycle and in closed-canopy habitat, though the abundance will be much reduced (Mullen et 
al., 2008), as was the case in the present study.  

Another interesting aspect observed in the present study was the share of rove beetles 
(Staphylinidae) in comparison to the share of carabid and other, i.e., Byrrhidae, Elateridae 
and Curculionidae, beetle species. While the rove beetles were not identified to a species-
level, individuals of the taxon were nonetheless recorded, and as a group were more abundant 
in 2003 than individuals of the other beetle families combined. In 2017, individuals of the 
rove beetle family were much less abundant, but still the second most abundant group after 
P. septentrionis. However, because species-specific data is missing for 2017, no conclusions 
can be drawn regarding the possible reasons for the relative decline in the presence of rove 
beetles in the latest measured stage of the forest cycle. Lange et al. (2014) studied the effects 
of forest management on carabid and staphylinid beetle species in Germany and concluded 
that while the forest type has a similar impact on both taxa, it is more important than regional 
or environmental characteristics in explaining abundance of staphylinid species than it is for 
carabid species. Hence, the lower total and relative abundance of rove beetles in 2017 may 
be explained also by the larger landscape characteristics, such as more favorable habitat 
types surrounding the Gunnarsholt experimental forest.  

In some instances, especially when it came to the comparative species composition in 2003 
and 2017, the results obtained in the present study do not seem to match already existing 
literature (e.g., T. secalis only being found in the later successional stage). Regional 
differences in beetle communities may need to be taken into account when considering 
results in the larger framework of biodiversity, conservation and management. 

4.3.2 Species richness  

In 2003, eight different species where found, of which six were found in 2017 as well. 
However, in 2017 total species richness had declined slightly to seven species. This species 
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richness is low compared to other studies conducted in Iceland (e.g. Olafsson and 
Ingimarsdottir, 2007).  

4.3.3 Biodiversity 

Beetle biodiversity (calculated with the Shannon-Wiener Index) in the black cottonwood 
forest was lowest in 2003 (0,53) and highest when it had just been planted, in 1993 (1,62), 
but had started to increase again in 2017 (1,32). It is understood that beetle diversity often 
decreases after afforestation or reforestation of an area (Magura et al., 2003; Mullen et al., 
2008), but such an uneven response is seldom shown or discussed. 

The factors that have been most closely linked to beetle diversity in existing studies are plant 
diversity of the ground vegetation, soil characteristics (i.e., pH and compaction), the 
presence of litter, and, particularly important, habitat heterogeneity (Niemelä et al., 1996; 
Butterfield, 1997; Kotze et al., 2011). The importance of habitat heterogeneity, however, 
relates both to the smaller and larger scale, encompassing micro-sites in the forest, the forest 
as a whole, and also the landscape that the forested area is part of.  

From a small-scale and stand-scale perspective, the forest in Gunnarsholt was likely most 
structurally heterogeneous just three years after the planting in 1993, which may explain the 
higher biodiversity index calculated for this year. At this point in time, the newly established 
black cottonwood trees created a mosaic-habitat, providing both some shelter and cover 
while still resembling mostly open-space habitat. By 2003, the average tree height in the 
forest had reached around 3 m and it was starting to approach canopy closure. As this was 
prior to the pre-commercial thinning, the forest stand was very homogenous in age at this 
stage and no deadwood was found on the forest floor, which may have contributed to the 
lower beetle diversity monitored at that time. In 2017, the forest exhibited a more 
heterogeneous stand-age structure, due to the thinning in 2004/2005, and it contained a 
higher amount of small-scale structural elements beneficial to beetles and their prey, such as 
deadwood and litter.  

The increase in structural heterogeneity at stand-scale and smaller micro-habitat scales may 
be able to explain the increasing trend in biodiversity index measured in 2017, despite the 
observed relative decline in beetle species richness and plant species diversity.  

4.3.4 Implications for management 

As such, from a biodiversity and conservation management perspective, the present study 
presents several possible conclusions: (1) Given the time-frame of the study, the outcomes 
do represent a comprehensive, though localized and highly specific, insight into the effect 
of afforestation of former agricultural land on beetle communities in South Iceland; (2) 
While beetle species richness and diversity may decline after afforestation in comparison to 
grassland, the current study has also shown that much depends on the effect an afforested 
area may have on the landscape mosaic, and whether it contributes to heterogeneity on the 
larger scale; (3) Similarly, it seems that management of beetle diversity within forests, 
specifically, should focus on the creation of structurally heterogeneous micro-sites and 
stand-scale habitats.  
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I conclude that if newly established or older forests in Iceland are managed for such attributes 
as structural (and species) heterogeneity, they may create greater conservation value for 
beetle diversity than grasslands, even though the latter may exhibit higher species richness.  

Similar conclusions have been drawn in other studies (Butterfield et al., 1995; Mullen et al., 
2008), though some also highlighted a potential trade-off in conservation questions. 
Butterfield et al. (1995), however, noted that while forested habitat may support a greater 
diversity of beetle species than the site prior to afforestation, this might potentially come at 
the detriment of rare species found in certain treeless habitats, for which the forested 
conditions would not be found favorable. Using afforestation for biodiversity conservation 
may thus not always be the preferred option, and its application is highly dependent on the 
conservation objectives and targets at hand. In general, Lange et al. (2014) suggested 
“focusing on species composition . . . rather than species richness might be more suitable to 
characterize the conservation value of a forest” (p. 174).  

In summary, it becomes apparent that any land-management attempt including afforestation 
of an area in Iceland as well as other regions needs to clearly define the conservation 
objectives and target species and consider landscape-level as well as stand-scale and micro-
habitat structural realities.  

4.4 Birds 

4.4.1 Total breeding density 

Looking at the overall breeding density of all three species found in the Gunnarsholt forest 
taken together shows an increase over time: between the survey years 2003 and 2017, the 
total breeding density has increased by more than five-fold, from 143 pairs/km2 to 800 
pairs/km2. This is a positive development, considering that the forest supports a higher 
density of breeding individuals and thereby creates important habitat for native bird species 
that also carry importance on an international scale. 

The total breeding density results of the present study are somewhat surprising in the context 
of already existing literature: A large-scale project on afforestation in Nordic countries 
(AFFORNORD) found a breeding density of 300-500 pairs/km2 to be common in older birch 
or larch forests that were studied in Iceland (Elmarsdottir et al., 2008); in this context, the 
800 pairs/km2 breeding density found in the Gunnarsholt forest in 2017 is substantially 
higher. This may be due to various potential reasons, such as the homogeneity of the forest, 
different results for deciduous non-native species (i.e. black cottonwood), or landscape 
characteristics of the area, all of which could be subject to further research.  

4.4.2 Species richness and life history traits 

The species richness of birds in the Gunnarsholt black cottonwood plantation in 2017 was 
three species: redwing (Turdus iliacus), common snipe (Gallinago gallinago) and wood 
pigeon (Columba palumbus). It was slightly higher in the non-forested control site measured 
in 2003, with four bird species found, in comparison to two species found in the forest in 
2003. The species richness of breeding birds measured in Gunnarsholt was comparatively 
low when looking at similar studies conducted in Iceland (e.g. Gunnarsson and Indridadottir, 
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2006; Johannesdottir, Arnalds, Brink, and Gunnarsson, 2014; Davidsdottir, Gunnarsson, 
Halldorsson, and Sigurdsson, 2016), though these studies typically counted all sighted birds 
within the measurement transects, rather than only breeding birds. A study that observed 
birds in three different habitat types in Iceland showed the following results: 12 bird species 
were observed on barren land, 16 on heathland, and 15 in Nootka lupine (Lupinus 
nootkatensis) fields (Davidsdottir et al., 2016). Another study showed species richness for 
various habitats (wetland, semi-wetland, rich heathland, poor heathland, and grassland) 
ranging from a minimum of 14 in wetlands to a maximum of 20 in grassland (Johannesdottir 
et al., 2014). While the higher species richness in these non-forested habitat types may be 
due the different method used for birds, it may also indicate that monoculture plantations 
such as the one in Gunnarsholt support lower species richness than open habitats in Iceland.  

Some of the most important life-history traits for the three species found in the Gunnarsholt 
experimental forest in 2017 will be discussed below. 

Redwing 

The redwing is a migratory thrush species native to Iceland that breeds between April and 
July, depending on location. Iceland is one of its most important breeding grounds as well 
as northern and eastern Europe and Siberia (IUCN Red List, 2018c; BirdLife International, 
2018a). For winter it migrates to southern and western Europe, North Africa, south-west 
Asia and the Black- and Caspian Sea basins (IUCN Red List, 2018c; BirdLife International, 
2018a). Its preferred breeding habitat abroad includes areas exhibiting a mosaic of landscape 
types from open-habitat (e.g., fields, forest margins and clearings) to woodland (in particular 
mid-successional and managed forest) (IUCN Red List, 2018c.). Given these habitat 
associations, it comes as no surprise that of the three birds species present, the redwing 
showed the highest breeding density in the forest with 640 pairs/km2.  

Common snipe 

The common snipe is a mostly migratory sandpiper species native to Iceland (IUCN Red 
List, 2018e). The common snipe is found breeding between April and June over a wide range 
in northern Europe, Russia and Asia. Native non-breeding and -resident areas include central 
and southern Europe, large parts of Africa, and southern and eastern Asia (BirdLife 
International, 2018b). Habitat associations abroad include both terrestrial and freshwater 
biomes (IUCN Red List, 2018e). Common snipe can be found breeding in various ecological 
habitats ranging from marshland to saturated hayfields, meadows and tundra as well as 
forested areas (IUCN Red List, 2018e). However, most studies have found a strong 
preference for wet habitats both abroad and in Iceland (Gunnarsson et al., 2006; Hoodless et 
al., 2007; Johannesdottir et al., 2014), and specifically for sites providing both grass cover 
and soils high in moisture and organic matter (IUCN Red List, 2018e).  

The breeding density of common snipe in the Gunnarsholt experimental forest increased by 
more than three-fold between 2003 and 2017; from 40 pairs/ km2 to 139 pairs/ km2, 
respectively. As such, the present study highlights somewhat surprising results. As breeding 
densities for common snipe typically range between 10-38 and up to 110 pairs/km2, the 
density found in 2003 was already relatively high, but the increase observed in 2017 was 
much higher than commonly observed for this species elsewhere (Gallinago gallinago, 2018; 
Hoodless, Ewald, and Baines, 2007).  
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Wood pigeon 

Wood pigeons had so far been considered only a migratory bird species in Iceland. A such, 
the present study was the first confirmed breeding of the species in the country, though there 
have been a number of sightings of this species in planted forests in Iceland in recent years, 
which had led to a strong suspicion that it has colonized (Sigurdsson, B.D.; pers. comm.).  It 
breeds typically between February and September (IUCN Red List, 2018e). The wood 
pigeon is commonly found in mosaic landscapes comprised of woodland and open areas, 
such as agricultural land or park spaces (IUCN Red List, 2018e). A study done in the United 
Kingdom in 1994 looked at the potential effects of afforestation in farmland areas and found 
that this could increase the breeding density of common wood pigeon (Inglis, Wright, and 
Lill, 1994). This was considered to be due to the study results showing that breeding densities 
increased as the forested area decreased and as peripheral forest habitat increased (i.e., edge 
spaces) (Inglis et al., 1994). Other research also found that the common wood pigeon is often 
found in ecotone areas of deciduous or coniferous woodland (IUCN Red List, 2018d).  

When found nesting in forests, common wood pigeons often put their nests fairly high up in 
the tree (around 7.5 meters high) and seem to prefer trees with greater diameter (DBH) 
(Inglis et al., 1994; Hanane and Yassin, 2017; IUCN Red List, 2018e). Hence, the increase 
in dominant tree height since the last two bird surveys in 1993 and 2003 might have created 
a more suitable breeding habitat for common wood pigeon inside the Gunnarsholt forest.  

4.4.3 Community composition 

Three out of four bird species found in the treeless control site in 2003, namely dunlin 
(Calidris alpina), European golden plover (Pluvialis apricaria), and meadow pipit (Anthus 
pratensis), were not found within the Gunnarsholt forest in the 2003 and 2017 bird nest 
inventories. Those species are not commonly forest birds but prefer open-space habitats 
(IUCN Red List, 2018f; IUCN Red List, 2018g). Meadow pipit can be found breeding in a 
variety of habitats, including forested areas (IUCN Red List, 2018h), and indeed has been 
recorded as one of the most common forest birds in other planted even aged forests in Iceland 
(Nielsen, 2005).  

In general, taking the control-site as an indicator of the conditions at the Gunnarsholt study 
site prior to afforestation, provides insights to the development of bird biodiversity along the 
trajectory of forest succession. While the bird species found in the treeless control site were 
those commonly preferring open-space habitat, the bird species found in both 2003 and 2017 
were generalists and forest birds. A large-scale project on afforestation in Nordic countries 
(AFFORNORD) found that changes with regards to biodiversity of avifauna occur typically 
between 10 to 20 years after plantation (Elmarsdottir et al., 2008). In the coniferous forest 
studied in the project, a gradual shift from a dominance of species preferring open-space 
habitat (e.g. golden plover, dunlin, redshank, and godwit) to a dominance of generalist bird 
species (e.g. common snipe and redwing) occurred around 20 years after plantation. This 
corresponds to the time period between 2003 and 2013 in the Gunnarsholt experimental 
forest. Even though the Gunnarsholt experimental forest is a homogenous plantation of the 
deciduous tree species black cottonwood, the shift from open-space bird species to forest 
birds and generalist species was observed in almost the same time frames. 
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The community structure of the avifauna in the forest in both 2003 and 2017 was 
characterized by a dominance of redwing, which increased from a 75% to an 80% share, 
respectively. The black cottonwood forest provided suitable habitat for the redwing, not only 
by providing forest habitat but also by adding to the mosaic landscape character of the area 
with lowland agricultural fields and open-space habitats. Generally, the species tends to 
prefer partly wooded areas over dense forests in their thicket stage. The dominance and high 
breeding density of redwing in the Gunnarsholt forest may be related to the generally strong 
association with forest cover for this species observed in Iceland compared to other 
countries. This may be due to the lack of many of the potential competing forest-bird species 
in Iceland (Sigurdsson and Magnusson, 2005).  

Apart from the redwing, the common snipe was the second most common forest bird in 2003 
and 2017. The fact that the Gunnarsholt forest seemed to be an important habitat choice for 
common snipe in 2017 as well as 2003 is not particularly surprising in the Icelandic context.  

A study conducted in Iceland on the “habitat associations of birds in lowland Iceland” 
investigated habitat preferences of eight Charadriiform species, one of which was common 
snipe (Gunnarsson et al., 2006). Several possible key habitats were considered (e.g. 
agricultural land, marshland, unvegetated land, and woodland, among others) and it was 
found that common snipe preferred wood- and marshland over other habitat types 
(Gunnarsson et al., 2006). Common snipe was the only one of the species studied that 
actually showed a strong preference for woodland habitat in addition to wetland habitat.  
Another study found that it is one of the most common breeding birds in both younger and 
older planation forests in Iceland and in the native downy birch woodlands in East Iceland 
(Nielsen, 2003). In light of these results of the current study, the Gunnarsholt experimental 
forest may provide some characteristics suitable for nest creation of common wood pigeon, 
such as the surrounding farmland and the large proportion of forest edge areas present in the 
Gunnarsholt experimental forest. Similarly, the growth of the forest and resulting increase 
in dominant tree height as well as increasing DBH may have extended the number of trees 
preferred for breeding.  

Woodlands are often not listed as an important habitat choice for common snipe in studies 
outside of Iceland (Hoodless et al., 2007; Dallimer, Skinner, Davies, Armsworth, and 
Gaston, 2012; Smart et al., 2014), which might indicate that its habitat preferences are 
somewhat different in Iceland than abroad. A possible explanation could be a general lack 
of other competing forest or woodland bird species in Iceland, such as the woodcock 
(Scolopax rusticola). The woodcock has only recently colonized planted forests in Iceland, 
but the population is still considered small (Sigurdsson and Magnusson, 2005). Another 
possible explanation may be that many studies on common snipe done abroad do not include 
woodland in the selection of monitored habitat (Hoodless et al., 2007; Dallimer et al., 2012; 
Smart et al., 2014). It is thus important to have more research on the habitat choices of 
common snipe comparing woodland areas to other more commonly preferred areas, both in 
Iceland and other countries. Such a comparison could also be done for the area surrounding 
the Gunnarsholt experimental forest, as was previously done by Jonsson et al. (2006), where 
the breeding densities in the forest 2003 were compared with breeding densities on an 
abandoned fertilized grassland area close to the forest, which had changed into more natural 
grass-rich heathland during a similar time as the forest developed. Expanding this research 
further could provide insights into the area from a landscape-perspective, potentially 
providing a deeper understanding of the role of mosaics of landscape types on habitat choices 
of common snipe as well as other breeding waders.  
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4.4.4 Biodiversity 

The biodiversity index, calculated with the Shannon-Wiener Index, for breeding birds in the 
black cottonwood plantation was 0.56 in 2003 and 0.55 in 2017, thus showing almost no 
difference between the years. Comparing these values to the biodiversity index measured at 
the tree-less control site (resembling site-conditions prior to planting of the forest), which 
was 1.33, however, indicates a declining trend in bird biodiversity following afforestation.  

Furthermore, a comparison with a study on bird diversity in various habitats in Iceland 
(excluding forests), shows that the values obtained for the Gunnarsholt forest are low 
compared to other habitat types in Iceland: Johannesdottir et al. (2014) calculated the 
Shannon-Wiener Indices for wetland, semi-wetland, rich heathland, poor heathland, and 
grassland, and found the lowest value (1.01) for poor heathland and the highest for wetland 
(1.35). This shows that the non-forested areas described here are more diverse when it comes 
to bird communities than the forest in Gunnarsholt.   

A possible explanation for this may be the shift in species composition following 
afforestation, which in Iceland may have an impact on biodiversity. As the site in 
Gunnarsholt developed from a field to an early-successional and then mid-successional 
forest, the habitat for birds provided by the site changed, too, both in terms of breeding 
ground and food provision. Open-habitat species, as were observed in the tree-less control 
site resembling conditions prior to afforestation, disappeared, while forest-specialists and 
generalists started to colonize the site. A similar development has been observed for bird 
communities following afforestation in Iceland (Elmarsdottir et al., 2008), and abroad 
(Wilson et al., 2006). In Iceland, such changes in species composition may impact 
biodiversity more strongly because of the specific landscape characteristics of the country: 
I hypothesize that due to centuries of low forest cover, forest-specialists may not be as 
diversely represented in Iceland, simply because they have historically not found appropriate 
habitat. Similarly, a greater number of bird species found in Iceland is adapted to the open-
habitats, such that landscape conversion through afforestation may decrease overall bird 
biodiversity.  

There may, however, also be a difference in bird biodiversity depending on the type of forest 
established through afforestation: That is, the homogeneity of the black cottonwood 
plantation may have contributed to the low biodiversity of birds found in it. Diversity in 
foliage height and vertical structural heterogeneity are both of importance for bird 
communities (Tews et al., 2004; Perry, Oren, and Hart, 2008), and the lack thereof in the 
Gunnarsholt forest may explain the low biodiversity to some extent.  It may have kept species 
with nesting and resource partitioning preferences for shrub- and midstory layers from 
breeding in the forest. 

4.4.5 Implications for management 

The Icelandic treeless ecosystems are of critical importance in supporting international bird 
biodiversity, serving as breeding habitat to about 21 birds of international importance, both 
in terms of population size and conservation value (Johannesdottir et al., 2014). Breeding 
waders, in particular, are depending on the breeding grounds in Iceland, which are 
considered the second most important in Europe (Johannesdottir et al., 2014). Given the 
context of internationally declining numbers of waders in recent years (Gunnarsson et al., 
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2006; Hoodless et al., 2007; Johannesdottir et al., 2014), it is imperative to study the habitat 
preferences of these birds, and to consider these results in regional and national policy 
planning in Iceland and abroad. 

Habitat degradation and destruction, of which the drainage of wetlands has been found 
particularly detrimental (Johannesdottir et al., 2017a), are among the highest threats to 
breeding habitats of waders both in Iceland and abroad. Given that the common snipe was 
one of the only wader species found to prefer woodland, this creates a potential trade-off in 
land management and related policy considerations: expanding forested areas and 
intensifying agriculture at the cost of investing in other projects, such as the restoration or 
protection of wetlands, may be unwise from a conservation perspective considering 
Charadriiform birds as a target group. Further research in this field is needed in order to 
provide the scientific basis for policy decisions in this regard.   

As the present study has shown, afforestation may have played a large role in the 
colonization of woodpigeon in Iceland. However, this development may need to be observed 
carefully; In some farmland areas in the UK, the common wood pigeon was for a long time 
and continues to be considered a bird pest (Inglis et al., 1994; IUCN Red List, 2018d). It 
might be of importance to follow the breeding densities of this species and to monitor and 
assess their potential impact on agriculture in Iceland. Again, this shows that effects of 
afforestation on avifauna may be varied and need to be studied in more detail.  

 

4.5 The present study in the broader context of 
afforestation, biodiversity, and land 
management 

The scope of this thesis is rather limited to discussing the changes observed for beetles, birds, 
and vegetation over time, individually. It is thus beyond the scope of this research to put 
forward and investigate statistically grounded causal relationships between the individual 
results found for biodiversity changes in flora and fauna and changes in forest structure. 
Moreover, further research needs to be done in order to analyze whether, and, if so, what 
kind of causal relationships exist between the individual indicators of biodiversity used in 
this study, and to tie this into the larger context of succession. That being said, it is possible 
to highlight some possible general conclusions of this research in the context of afforestation 
and its varied effects on biodiversity.  

While a majority of the results are highly specific to the three indicators of biodiversity 
measured, they can be compared with regards to the biodiversity indices measured. It has 
been observed in the black cottonwood plantation that beetle and vascular plant biodiversity 
indices showed a somewhat antagonistic development over time. In 2003, when vascular 
plant biodiversity was highest, beetle biodiversity was at its lowest comparative point over 
the measurement period. This could indicate that forest succession and its accompanying 
structural changes affect beetles and vascular plant species in different ways. This result is 
somewhat surprising as high vascular plant diversity of the ground vegetation has been 
linked to relatively higher beetle biodiversity in previous studies (Niemelä et al., 1996; 
Butterfield, 1997; Kotze et al., 2011). Again, further statistical analysis is necessary to test 
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possible explanations and connections regarding this relationship, as well as to evaluate the 
role that species evenness of vascular plants may have played. Bird diversity stayed 
relatively constant in the forest since 2003, but was much higher in the field control-site 
measured in 2003. The decline in species richness from an open field habitat to a forested 
site is likely the driver of this declining trend in biodiversity. This research has shown that 
the black cottonwood plantation supported mainly species with woodland habitat preference, 
while open-habitat species largely disappeared.  

The results of the present study show that afforestation may affect biodiversity of birds, 
beetles, and vascular plants in complex and diverging ways; what means an improvement in 
habitat for one taxon, does not necessarily benefit another. This is true not only for 
afforestation as a whole, but also for the different stages of forest succession, which have all 
been found to have varying effects on birds, beetles, and vegetation. It is therefore of 
importance to consider how afforestation changes forest structural and compositional 
dynamics, and how forest management throughout the forest cycle, in turn, may alter these 
dynamics, both in favor of and against biodiversity.  
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5 Conclusions  
The present study contributes to and supports the results of already existing literature on the 
environmental effects of afforestation on biodiversity in Iceland. The long-term monitoring 
survey done in the Gunnarsholt experimental forest therefore supports scientific research 
that may be better able to inform political decision making in the realm of forest and natural 
resource management in Iceland.  

5.1 Summary of results  
An analysis of the data collected during the long-term vegetation survey showed some 
obvious and expected changes, mostly relating to the structural development of the forest 
stand. As expected along the studied successional gradient, the black cottonwood plantation 
has become a lot denser over time, indicated by a decreasing gap fraction. Thinning 
management in 2004/2005 led to an increase in unvegetated surface, e.g. due to the increase 
in deadwood and a decrease in vascular plants following an accelerated post-thinning growth 
rate of the stand. Overall, vascular plant species richness was low and the black cottonwood 
forest did not support a great amount of vegetated cover, particularly in 2017. Plant species 
associated with open habitat disappeared over time and more shade-tolerant species, most of 
them grasses, colonized the plots. Changes in species composition and abundance can be 
attributed to resource limitations, such as light and nutrients.  

The diversity of beetles changed along the successional gradient in the black cottonwood 
plantations. Stand-scale heterogeneity and availability of micro-habitat likely are the best 
explanations for these changes; in 2003, so just before thinning of the stand, the forest was 
most structurally homogeneous due to even stand-age and low amount of deadwood and 
litter, thus supporting a much lower level of beetle biodiversity than in 1993 (when it was 
highest) or 2017. The increase in structural heterogeneity and micro-habitat (deadwood and 
litter) after thinning may explain the subsequent increase in beetle biodiversity in 2017, 
although species richness had declined.  

The biodiversity of birds declined following the afforestation of the site in Gunnarsholt 
(judging by comparison with a tree-less control site studied in the area in 2003) and species 
composition changed significantly with the initial conversion of the site from open-habitat 
to forest. While the tree-less control site provided habitat to mostly open-habitat birds and 
some generalists, with development of the forest, open-habitat species disappeared and made 
way for forest specialists. No significant change in species composition was found in the 
forest between its early-successional (2003) and mid-successional (2017) stage, except for 
the colonization of a new species, woodpigeon, and an increased dominance of redwing. The 
woodpigeon nest found in the forest in 2017 was the first confirmed sighting of the species 
breeding in Iceland, although there had already been suspicion of its colonization.  
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5.2 Factors influencing biodiversity of 
vegetation, beetles, and birds 

Some general conclusions can be drawn regarding the factors influencing the biodiversity of 
the three indicator groups chosen for the present study along the already discussed 
successional gradient:  

Forest structural heterogeneity, including the diversity of stand age, foliage height, 
understory, and small-scale habitat elements such as deadwood, has been found to positively 
impact the diversity of birds and beetles. Similarly, gamma diversity of ground vegetation is 
typically higher in a heterogeneous forest landscape supporting a variety of habitat niches 
for a variety of vascular plants. Structural heterogeneity at the stand-scale was to a certain 
degree present in the Gunnarsholt black cottonwood plantation, though varying between the 
survey years, and was considered to be important in explaining changes in biodiversity of 
beetles, birds, and vegetation over time. Nonetheless, the black cottonwood plantation is still 
very homogenous compared to natural forests or mixed-stand plantations; a factor which 
most likely had the greatest negative impact on bird habitat due to a lack of diversity in 
higher horizontal layers. In general, the relationship between habitat heterogeneity and 
species diversity must not be assumed as a model for all species, regardless of taxon, as it 
depends strongly on individual habitat preferences and not all forest structural heterogeneity 
is equally beneficial to species diversity. This analysis shows that such discrepancies must 
be taken into account in conservation management strategies, as will be discussed later in 
this chapter. 

Greater successional diversity in the Gunnarsholt black cottonwood plantation may benefit 
biodiversity, e.g. through impacting habitat heterogeneity. This is not only the case for 
beetles and birds, but also for ground vegetation. In the thinned plots with greater gap 
fraction, the likelihood for the colonization of earlier successional vascular plants is higher; 
consequently, this could increase overall plant species richness and diversity in the forest. 
Such successional diversity could be established through strategic and localized forest 
management, such as thinning. Thinning management had already been carried out 
extensively once throughout the forest in 2004/2005.  

Biodiversity is not only linked to processes and forest characteristics at stand-scale, but 
depends also on dynamics and structural heterogeneity at the landscape-scale. The growth 
of this forest has not only affected changes within its ecosystem, but also modified the 
landscape structure of this area in South Iceland, which is characterized by relatively flat 
land surface used for livestock grazing or agriculture and the proximity of mountainous areas 
relatively close by. Parts of this area have also been known for strong soil erosion and 
consequently difficult growing conditions for the establishment of trees. Although 
afforestation as a tool for land reclamation has grown in importance since the beginning of 
the 20th century, this area in the South of Iceland is still not strongly forested. As such, the 
black cottonwood plantation may have influenced flora and fauna dispersal patterns and 
habitat choices in the area, ultimately affecting the diversity found in the area as a whole, 
though this remains subject to further research. In any case, the black cottonwood plantation 
has added structural and habitat heterogeneity at the landscape scale. This has been found to 
be of high importance in sustaining diversity of animal species, in particular of those with 
wider ranges, such as birds. A more varied landscape composition may be able to provide a 
wider range of habitats for a wider range of species (relating to the concept of niche-
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specialization). However, again, landscape heterogeneity only benefits diversity up to a 
certain point; highly fragmented landscapes are associated with decreases in biodiversity. 
Beetles have a much smaller range than birds and may thus not be as strongly affected by 
landscape-level heterogeneity.  

Finally, interactions between groups or individual species likely have also played a role in 
the biodiversity changes observed in the Gunnarsholt experimental forest over time. These 
interactions are embedded in and interlinked with various of the forest (structural) changes 
observed along the succession gradient (e.g. through mutualism, competition, or predation, 
among others). As previously noted, truly understanding such interactions and their role in 
the forest will require further research.  

5.3 Management implications 
The present research has provided some valuable insights into the study of afforestation and 
ecosystem responses in Iceland. The long-term surveys enable an improved understanding 
of the relationships at hand, which can be of great value for resource management and 
environmental policy planning in Iceland. Placing the insights of the present research in the 
context of past land degradation, afforestation efforts and the conservation of biological 
diversity in Iceland, motivates the following recommendations: Even though later 
successional forest stages might not support the same level of species richness or biodiversity 
as earlier successional forest stands or grassland, forested areas contribute greatly to 
landscape heterogeneity and are important in combating soil and land degradation.  

Afforestation should continue to be seen as an instrument in land management and 
environmental policy in Iceland. However, forested areas are likely to contribute to the 
conservation of biodiversity in a greater way if they exhibit a variety of successional stages 
and structural diversity. Thus, in order to increase the conservation value of already existing 
forests in Iceland, they should be managed more specifically for such attributes as structural 
and species heterogeneity, even though grasslands may continue to support greater species 
richness. Furthermore, future afforestation could benefit greatly from the establishment of 
more heterogeneous forest stands, unlike the one found in Gunnarsholt.  

Moreover, a strong focus should be placed on holistic land management, in which a mosaic 
of ecosystems and habitats is created in an area. Similarly, the possibility of conflicting 
interests resulting from different types of land-use in an area needs to be taken into account 
in environmental decision-making: The trade-off posed by wetland drainage, agricultural 
expansion and afforestation in the conservation of breeding waders in Iceland is just one 
example. Consequently, managing for the conservation of species from various taxa is even 
more complex and needs to be grounded in existing scientific research, taking into account 
the different habitat requirements of various species. The current study contributes to such 
scientific research, in particular due to its long-term monitoring.  

Finally, it becomes apparent that any land-management attempt including afforestation of 
an area in Iceland as well as other regions, needs to clearly define the conservation objectives 
and target species and consider landscape-level as well as stand-scale and micro-habitat 
structural realities.  
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5.4 Potential for future research 
There is no doubt that further research needs to be done on the effects of afforestation on the 
biodiversity of flora and fauna in general, particularly in a place like Iceland where forested 
land area is limited. A greater understanding of these relationships is also necessary from a 
perspective of future climate and land-use change, which may significantly alter plant and 
animal communities as well as available habitat, both abroad and in Iceland.  

Future research could build on the current study by studying a few specific questions that 
have emerged throughout this project: How do the results collected over a 24-year time frame 
in the Gunnarsholt experimental forest compare to other forested areas in Iceland, that 
exhibit more heterogeneous forest stands? How to they compare to different habitat types, 
such as agricultural land, grassland, wetland and drained-wetland areas? This would provide 
a more comprehensive understanding of the regional context. Moreover, further research 
needs to be done on how species groups or individual species respond to changes in 
afforestation along a successional gradient, in particular with regards to changes in structural 
heterogeneity, both at the stand- and landscape-scale.  
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Appendix A 

 

Appendix 1: Plant species found across the entire experimental forest in Gunnarsholt (not only 
the dedicated monitoring plots) in 1991, 1994, 1996, 2003, and 2017.  
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Appendix 2: Surface cover in percentages (%) by vegetation type and plot in the Gunnarsholt 
experimental forest. The mean and standard error (SE) are given in the last two columns.  

Appendix 3: Total cover in percentages (%) by vegetation type and plot in the Gunnarsholt 
experimental forest. The mean and standard error (SE) are given in the last two columns.  

Appendix 4: Community structure of bird species observed in 2003 in the Gunnarsolt experimental 
forest and a tree-less control site next to it. The numbers in the table provide total counts of nests for 
each species. 


