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Abstract 

The aims of this study were to estimate suitability of the Atlantic rock crab (Cancer 

irroratus) for environmental monitoring through investigation of 7-ethoxyresorufin O-

deethylase (EROD), glutathione peroxidase (GPx) and glutathione (GSH) biomarker 

responses to Benzo(a)Pyrene (BaP) exposure through ingestion, i.e. as potential monitoring 

tool for Polycyclic Aromatic Hydrocarbons (PAHs) through a laboratory exposure to 

contaminated prey items. Biomarker responses were measured in hepatopancreas tissue 

shortly after starvation period as well as after long-term exposure. Blue mussels (Mytilus 

edulis) were exposed to 2, 20 and 50 µg BaP/L for 14 days after which they had accumulated 

11.5, 192 and 417 µg BaP/g tissue dw., respectively. Subsequently, mussels were fed to 

crabs for 21 days in daily portions of about 4.7 g soft tissue ww. per crab. Assimilation rate 

of BaP through ingestion in crabs was estimated at < 1%. 

Biomarker responses were measured at days 3 and 21 of the experiment. Biomarker values 

were generally lower than their relative control levels on day 3, likely reflecting degradation 

of xenobiotic defence systems induced by prolonged starvation. After 21 day of exposure 

the crabs exhibited significant biomarker response in the highest exposure group, where 

significantly higher EROD activity and GSH content as well as significantly lower protein 

content were observed. Biomarker responses proved insufficiently sensitive for 

implementation in environmental monitoring. This study provides first insight into 

physiological responses of Cancer irroratus to PAH induced stress post starvation and 

during long-term exposure. 

  



 

  



 

 

Útdráttur 

Markmið verkefnisins var að meta notagildi grjótkrabbans (Cancer irroratus) við 

mengunarrannsóknir og umhverfisvöktun á fjölhringa vetniskolefni (PAH) þar sem viðbrögð 

dýranna gagnvart fæðuborinni Benzo(a)Pyrene (BaP) mengun voru mæld með 

bíómarkerunum 7-ethoxyresorufin O-deethylase (EROD), glutathione peroxidase (GPx) og 

glutathione (GSH) í meltingarkirtli krabbans. Kræklingur (Mytilus edulis) var mengaður 

með mismunandi styrk BaP í sjó í 14 daga (2, 20 og 50 µg/L) sem skilaði sér í 11,5, 192 og 

417 µg BaP/g þurrvigt í vef kræklings. Krabbarnir voru fóðraðir daglega í 21 dag með 

menguðum kræklingi og fékk hver krabbi ca. 4,7 g (votvigt) af kræklingavef á dag. 

Uppsöfnun og niðurbrot (e. assimilation) BaP í kröbbunum var áætlað < 1%. 

Bíómarkerarnir voru mældir í kröbbunum eftir 3 og 21 dag. Eftir 3 daga voru flest gildin 

lægri í menguðum kröbbum í samanburði við viðmiðunarhópana. Það er líklega vegna sveltis 

krabbanna í upphafi, sem þá endurspeglast í minni virkni ensímakerfa/afeitrunarferla og 

lakari varnarkerfum. Eftir 21 dag kom fram marktæk hækkun í EROD virkni og GSH magni 

hjá kröbbum sem fengu menguðustu fæðuna og jafnframt höfðu þeir marktækt minna 

prótínmagn. Næmni bíómarkeranna reyndist ekki nægjanleg gagnvart BaP mengun í 

grjótkröbbum til að hægt sé að mæla með þessum aðferðum fyrir þessa tegund til vöktunar 

á slíkri mengun. Hins vegar koma hér fram í fyrsta skipti niðurstöður mælinga á 

lífeðlisfræðilegum viðbrögðum grjótkrabba gagnvart PAH efninu B(a)P, annars vegar eftir 

svelti og hins vegar eftir viðvarandi mengunarálag (21 dagur) í gegnum fæðu.  
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1 Introduction 

The Arctic is often perceived as being pristine environment with a relatively low background 

concentration of pollutants compared to lower latitudes, where human population density is 

higher and larger quantities of pollutants are released into the environment (Jörundsdóttir et 

al., 2014). Nevertheless, in the past decades the Arctic biota has been enduring contaminant 

pressure from persistent pollutants such as Mercury (Hg), organochlorine compounds (e.g. 

DDT, PCB´s) and Polycyclic Aromatic Hydrocarbons (PAHs) which mainly originate at 

lower latitudes (AMAP, 2016). Due to toxic and/or persistent nature of numerous Persistent 

Organic Pollutants (POPs) regulations and prohibitions of their use have been legislated 

through the Stockholm Convention, in turn, concentrations of these listed chemicals have 

been steadily decreasing in the Arctic biota over past decades (AMAP, 2017). Today, 

emerging chemicals that are intended as substitutes to the regulated compounds show mixed 

temporal trends in the Arctic (Rigét et al., 2019) and are of rising concern since their nature, 

properties and effects on biota are less studied and remain largely unknown. The AMAP 

assessment from 2016 summarizes some of them as chemicals of emerging Arctic concern, 

including chemical groups of which concentrations have been observed to rise in the Arctic 

in recent years with potentially unknown impact on local ecosystems. Amongst the listed 

groups are the PAHs (AMAP, 2017). 

In the coming century global climate change is predicted to alter the Arctic and the sub-

Arctic environment. Accelerated sea-ice melting in response to rising sea temperatures is 

predicted to open new shipping routes across the Arctic (Smith & Stephenson, 2013). 

Changes in the environment and increased accessibility by sea has the potential to offer 

favourable conditions for settlement recruitment, increasing the anthropogenic activity in the 

Arctic. It can be speculated that such changes would introduce new, local sources of 

contaminants to the Arctic and sub-Arctic environment and further increase the pollutant 

stress on local biota. 

In regards to predicting the effects of contaminants, the environment itself plays a major 

role. Temperature can influence the behaviour of certain persistent pollutants in the 

environment, for example partitioning of PAHs from vapour phase tends to increase at lower 

temperatures (Ritter et al., 1995), thus a compound that has volatized in warm region may 

condense and fall out if it reaches cold environment, upon which it will bind to substrate, 

sediments or particles, becoming less soluble and thus remain in the region (Neff, 2002; 

Wilcock et al., 1996). Sea ice, if present, can act as temporary compartment by capturing oil 

from ocean surface (JPI, 2014), transporting it and releasing it during melting, resulting in 

secondary emission. Combined, these factors add a certain unpredictability of pollutant 

dispersion in space and time, knowledge of which is important when executing risk 

assessment during events such as oil spills. Environment also affects biota and the Arctic 

biota is adopted to life in cold environment, where many species exhibit longevity and slow 

growth as well as slow metabolism. Longevity is an important factor for persistent pollutants, 

as animals can accumulate high concentrations of chemicals through their long life span 

despite living in relatively unpolluted environment (AMAP, 2016). Scientific studies and 

monitoring programmes in the Arctic have provided extensive databases and time-trends 

containing knowledge on status and effects of many pollutants that are present in the Arctic 
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(AMAP, 2016). Majority of these studies have been conducted on biota of high trophic 

levels. Animals such as polar bears, seals, orcas, various seabirds and cod, being top of the 

food chain predators, represent their marine ecosystems in terms of pollution. Interestingly, 

the benthic marine environment in the Arctic and sub-Arctic has been less studied, limited 

accessibility likely being an explanatory factor. Marine sediment can act as a compartment 

for pollutants in the marine environment, lipophilic contaminants can bind to organic matter 

in the sediment or be transported to marine bottom while bound to sinking particles such as 

marine snow deposited from animals in the pelagic zone (Adhikari et al., 2015). Thus 

contaminants are introduced to benthic fauna which includes ecologically important 

organisms that play roles of primary producers and consumers. Studies of contaminant 

effects on such organisms is of ecological relevance in pristine areas, where knowledge gaps 

present great uncertainty on future effects of increased anthropogenic activity. 

1.1 Polycyclic Aromatic Hydrocarbons (PAHs) 

PAHs make up a large group of both naturally occurring and anthropogenic organic 

contaminants. Consisting of at least two fused aromatic rings (Fig. 1) of pyrogenic, 

petrogenic or biological origin, they are considered ubiquitous in the environment (Abdel-

Shafy and Mansour, 2016). Pyrogenic PAHs are formed as by-products through the process 

of pyrolysis when organic substances are exposed to high temperatures under low or no-

oxygen conditions (Abdel-Shafy and Mansour, 2016). Therefore, major sources of 

pyrogenic PAHs can be attributed, but not limited to volcanic eruptions, forest fires and 

incomplete combustion of fossil fuels, hence their emission into the environment is ongoing 

(Balmer et al., 2019). In contrast, petrogenic PAHs are formed during maturation of crude 

oil and are found therein, making the use and transportation of crude oil as well as oil spills 

a source of PAHs to the environment (Abdel-Shafy and Mansour, 2016).  

In general, PAHs have low vapour pressure, low water solubility and are semi-volatile. Once 

released to the atmosphere the PAHs tend to absorb to particles such as dust, sea salt and 

black carbon soot (Lammel et al., 2009) which can be subject to deposition to surface waters, 

sediments and soils. In these compartments the half-lives of PAHs are significantly 

extended, as opposed to exposed compounds in the atmosphere (Wilcock et al., 1996), as a 

result PAHs can remain trapped in such compartments for prolonged period of time (Combi 

et al., 2020). In parallel, PAHs can undergo long range transport while bound to the particles 

before being deposited. Furthermore, PAHs that are bound in different environmental 

compartments (e.g. sediment, soil and snow) can re-volatize if disturbed and re-enter the 

atmosphere, further extending their long range transportation via global distillation or the 

grasshopper effect (Lammel et al., 2009; Semeena and Lammel, 2005; Sofowote et al., 

2011). These properties enable the PAHs to be transported to the Arctic environment and 

while there are local sources within the Arctic, their input is considered to be negligible 

compared to those originating from lower latitudes (Law and Stohl, 2007; Wang et al., 2010). 

Because of ongoing release of PAHs to the environment their spatial concentration trend is 

in contrast to the initial 12 persistent organic pollutants monitored which show in general a 

sign of decline in the Arctic (AMAP, 2016).  

Effects of PAHs on organisms have been extensively studied. The different size and structure 

of PAH compounds may cause different biological interactions but in general, low molecular 

PAHs (2 and 3 aromatic rings) have significant acute toxic effects on organisms while larger 
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PAHs (4 to 7 aromatic rings) may exhibit genotoxic, mutagenic, teratogenic and 

carcinogenic effects (Abdel-Shafy and Mansour, 2016; Francioni et al., 2007; Neff, 2002). 

Incardona et al. (2015) found that herring (Clupea pallasi) and salmon (Oncorhynchus 

gorbuscha), exposed to low crude oil concentrations at early life stages of embryo 

development showed impaired development of the cardiac system which consequently 

affected their survival, and similar results were observed for the development of polar cod 

(Nahrgang et al., 2016). A case study on beluga whales (Delphinapterus leucas) from St. 

Lawrence Estuary suggests that high observed rates of gastrointestinal epithelial cancer in 

the beluga population can be related to PAH contamination in their environment (Martineau 

et al., 2002). Elevated levels of DNA adduct formation as a product of PAH metabolism has 

been reported in haddock (Melanogrammus aeglefinus) from areas near oil platforms with 

high release of produced water to the sea (Hylland et al., 2006). Similarly, DNA adducts 

have been correlated to body burdens of PAHs in blue mussels (Mytilus spp.) from Nordic 

coastal sites (Skarphéðinsdóttir et al., 2007).  
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Figure 1. Chemical structures of 16 PAHs on the United States Environmental Protection 

Agency priority pollutant list (Yan et al. 2004). 

In the environment, the PAHs are present as a mixture and in general, two major pathways 

are considered for PAH uptake by marine animals, i.e. dissolved contaminant uptake through 

gills and particle-bound contaminant uptake via ingestion. Their bioavailability to organisms 

depends on factors such as hydrophobicity which differs between PAH compounds. Small 

PAHs that consist of 2–3 rings tend to be more water soluble (Wilcock et al., 1996) and thus 

more readily taken up by animals. In contrast, water solubility decreases with increasing 

chemical size, meaning that larger PAHs tend to be more tightly bound to organic matter 

such as sediment and are taken up via ingestion but such compounds are less accessible to 

organisms outside of sediments (Baumard et al., 1998). In this respect, uptake of 

hydrophobic contaminants such as PAHs by benthic marine invertebrates can be reflected 

by their individual life strategies (Diepens et al., 2015; Meador et al., 1995a; Szczybelski et 
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al., 2019), where sediment dwelling and particle feeding invertebrates are exposed to 

different composition of contaminants as opposed to the filter-feeders and carnivorous 

species living on or above the sediment surface (Baumard et al., 1998; Meador et al., 1995a). 

As benthic invertebrate fauna is phylogenetically diverse and employs a variety of different 

life strategies, research and monitoring efforts for bioavailability of compounds in sediments 

should logically be in favour of multispecies approach. 

It has become a matter of concern in the Arctic environment that PAHs can bioaccumulate 

in organisms, although they are sufficiently metabolized by vertebrates via mixed function 

oxidase enzymes to inhibit biomagnification (Meador et al., 1995b). Recent modelling study 

suggests up to 30-fold increase in PAH concentrations in Arctic fish and mussels during past 

three decades (De Laender et al., 2011). In contrast to fish which readily metabolise PAHs, 

invertebrates express higher rates of uptake than biotransformation (Livingstone, 1998) and 

can therefore accumulate higher concentrations of PAHs (De Laender et al., 2011). 

Unfortunately, existing knowledge gap of contaminant effects on benthic invertebrate 

communities in the Arctic environment presents an uncertainty of consequences that 

elevated levels of contamination at lower trophic levels might have for ecosystem health. 

Due to overall increase of PAHs in the Arctic environment and biota, AMAP has included 

PAHs in their 2016 report on chemicals of emerging Arctic concern, recognizing the threat 

that PAHs pose towards the Arctic ecosystems and the need for further investigation. 

1.2 Biomarkers and biological effects of 

contaminants 

When an organism is exposed to contaminants, it often expresses some sort of biological 

response, which can in turn be referred to as biological effect of contaminants. 

Ecotoxicologists have developed techniques and methods to observe, measure and quantify 

different biological responses in various species of animals and in this respect such 

measurable responses are collectively referred to as biomarkers (Hylland et al., 2017). 

Biomarkers are an important tool in studying the sublethal effects of contaminants on 

organisms, both in the wild and in the laboratory. Based on how different contaminants 

interact with and affect biological processes in various species, biomarkers can be broadly 

categorized in two groups based on biological endpoint of what is being measured (Hook et 

al., 2014): biomarkers of effect and biomarkers of exposure. Biomarkers of effect focus on 

irreversible changes in physiology or biological processes that are a caused by exposure to 

certain contaminants. An extreme example of physiological change caused by contaminants 

can be observed in the dogwhelk (Nucella lapillus) brought on by exposure to tributyltin 

(TBT) and its derivatives where female individuals develop male genital part as well as vas 

deferens which as it develops, envelops female vulva rendering the female sterile. 

Progression of this development, termed imposex, has been broken down in to stages and 

been utilized as a biomarker for TBT pollution (Gibbs et al., 1987). More commonly the 

contaminants affect biological structures within an organism through complex biochemical 

interactions and these are less obvious. Genotoxicity of PAHs for example is to some degree 

a result of detoxification processes within organisms where PAH molecules can be 

bioactivated by oxidation, creating reactive diol epoxide molecule that can bind to amino 

groups forming DNA-adducts (Baird et al., 2005), occurrence of which can in turn be used 

as an endpoint biomarker measurement for PAH exposure (Balk et al., 2011; 
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Skarphéðinsdóttir et al., 2003). Prevalence of DNA adducts through continuous exposure 

can lead to formation of neoplasia in fish (Maagd and Vethaak, 1998). Oxidative stress 

biomarkers can also be recognized as those of effect since such pressure can cause damage 

to cellular organelles, membranes or cause DNA strand breaks (Livingstone, 2001). Indeed, 

DNA strand breaks and lysosomal stability can be used as biomarkers for oxidative stress on 

animals (Halldórsson et al., 2008; Moore et al., 2006). Furthermore, marine organisms have 

efficient antioxidant defence systems comprised of enzymes such as catalase, glutathione 

peroxidase, superoxide dismutase as well as molecule antioxidants such as reduced 

glutathione, where expression and presence of such molecules at elevated levels can be 

related to contaminant exposure (Livingstone, 2001) and therefore used as biomarkers, as 

discussed below. Most of these physiological effects of contaminants continue to persist in 

the organisms after the exposure to contaminants ceases and thus having prolonged negative 

effect on fitness of exposed individuals. At non-threatening concentrations the presence of 

certain contaminants does not necessarily cause effects on marine organisms due to their 

ability to control, metabolize and excrete contaminants via various detoxification 

mechanisms that specify different chemical groups. As such, elevated expression of CYP1A 

monooxygenase in fish can be related to exposure to PAHs, PCBs and other planar 

hydrocarbons (Fragoso et al., 1998; Whyte et al., 2000), thus it is widely used as a biomarker 

for oil exposure in fish (Balk et al, 2011). Biomarkers of exposure are an important tool as 

they are often expressed at nominal contaminant concentrations providing an early warning 

to environmental degradation. 

Use of biomarkers on wild animal populations is often difficult as it requires sound 

understanding of the biology of the respective species, such as endogenous factors as the 

condition of the individuals, the nutritional status and the reproductive cycle, which can 

significantly affect biological responses to contaminants in marine organisms (Dissanayake 

et al., 2008; González-Fernández et al., 2016; Nahrgang et al., 2010). Exogenous factors 

such as temperature can as well influence the behaviour of contaminants in the environment 

(Tremblay et al., 2005). Multiple factors that affect biological responses of organisms often 

complicate interpretation of results from wild populations. It is therefore a prerequisite for 

biomarker use in the wild to conduct laboratory studies under controlled experimental 

conditions if pre-existing knowledge on biological responses of species in question is 

lacking, as is the case of this study. 

Crude oil exposure experiments are important as they provide more realistic effects on 

organisms in the environment since PAHs are present as a mixture rather than individual 

chemicals. However, to investigate biological responses to PAHs studies have been using 

individual compounds for exposure. Benzo(a)Pyrene (BaP) is categorized as group 1 

carcinogen by the International Agency for Research on Cancer and is amongst the most 

studied PAH compounds in relation to genotoxicity and often used as surrogate chemical for 

large PAHs when investigating biological effects of PAHs on organisms. 

1.2.1 Metabolism, biotransformation and bioactivation of 

Benzo(a)Pyrene (BaP) in marine organisms 

Biotransformation of PAH compounds such as BaP in vertebrates and marine invertebrates 

is a two-phase metabolic process and has been studied to some extent and thoroughly 

reviewed (e.g. Baird et al., 2005; Livingstone, 1998; Maagd and Vethaak, 1998). Upon 

exposure, PAHs induce the CYP450 mixed function oxidase (MFO) system (Fragoso et al., 
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1998; Sparagano et al., 1999). As a part of phase I metabolism one of the functions of MFOs 

is oxidation of lipophilic compounds to form an epoxide in order to make them more water-

soluble, a reaction that is enzyme-dependent and mediated by monooxygenases such as 

Benzo(a)Pyrene monooxygenase (BaPMO) (Fossi et al., 2000; Sparagano et al., 1999) and 

7-ethoxyresorufin-O-deethylase (EROD) (Whyte et al., 2000). Once epoxide is formed, it 

can be conjugated via phase II enzyme such as glutathione-s-transferase to further increase 

water solubility and facilitate excretion as part of detoxification process (Schlenk et al., 

2008; Sundt and Goksøyr, 1998; Watson et al., 2004). It is important to note that during the 

process of metabolism, the BaP molecule can be oxidized in multiple ways forming 

epoxides, phenols and diols, some of which can cause bioactivation by forming diol-epoxide 

which can result in DNA-adduct formation (Baird et al., 2005). Furthermore, as reviewed by 

Gelboin (1980), metabolism of BaP can also produce quinones, which can stimulate 

hydroxyl radical formation through NADPH redox cycle as well as superoxide anion and 

other Reactive Oxygen Species (ROS) (Livingstone, 2001; Martinez and Livingstone 1995; 

Sullivan, 1985). ROS are produced naturally through cellular respiration (Abele et al., 2007) 

and are highly reactive with biological molecules thus antioxidant enzymes such as 

glutathione peroxidase (GPx), superoxide dismutase and radical scavengers such as reduced 

glutathione play an important role in protecting cells from ROS (Livingstone, 2001). 

Exposure to PAHs such as BaP can in turn create imbalance in clearing rate of ROS resulting 

in accumulation of ROS species within cells, thus further facilitating toxicity of BaP through 

oxidative stress (Hannam et al., 2010). Laboratory studies on marine crabs and bivalves have 

observed increased activity in various antioxidant defences in the presence of organic 

contaminants (Cheung et al., 2004; Morales-Caselles et al., 2008b). 

1.2.2 7-Ethoxyresorufin O-deethylase (EROD) 

EROD assay was first developed by Burke and Mayer in 1974 and has since been widely 

used as biomarker of exposure to a range of planar molecules such as PAHs, polychlorinated 

biphenyls (PCBs), dioxins and dibenzofurans in fish as reviewed by Whyte et al. (2000) and 

have as well been reported in some invertebrates (Martín-Díaz et al., 2008; Rocha et al., 

2012). The basis for the assay is the induction of the cytochrome P450 monooxygenase 1A 

(CYP1A) in organisms upon exposure to planar compounds (Fragoso et al., 1998; Rocha et 

al., 2012). As a phase I metabolism enzyme, highest concentrations of CYP1A are found in 

liver and hepatopancreas of fish and crabs respectively, thus are the tissues of choice for 

EROD activity measurement. As CYP1A is selective for planar compounds its activity is 

measured through kinetic product formation of catalytic reaction with 7-ethoxyresorufin, an 

artificial molecule that reacts specifically with CYP1A (Stagg et al., 2016). Reaction results 

in loss of ethyl group on 7-ethoxyresorufin producing highly fluorescent resorufin molecule 

that can be measured fluorometrically at 535 nm and 585 nm excitation and emission 

wavelengths respectively (Stagg et al., 2016). 

1.2.3 Glutathione Peroxidase (GPx) 

GPx is present in cytosol and plays a role in Reactive Oxygen Species (ROS) regulatory 

system as catalyst enzyme in reduction of hydrogen peroxides, organic peroxides and lipid 

peroxides, reactions where glutathione (GSH) is used as an electron donor to produce 

glutathione disulphide (GSSG) and water molecule (Lushchak, 2012). GPx, coupled with 

other antioxidants, protects cellular membranes from oxidation as part of antioxidant defence 

against ROS that are generated through natural processes such as cellular respiration. 
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Cellular levels of ROS are kept at a steady-state under natural conditions, meaning that equal 

ROS generation and elimination rates are maintained (Livingstone, 2001; Lushchak, 2011, 

2012). Exposure to organic contaminants or metals can increase ROS production above their 

elimination rates thus disrupting the steady state and inducing oxidative stress (Livingstone, 

2001; Lushchak, 2011), to which organisms respond in elevated antioxidant activity, 

including GPx, to compensate for increased ROS production as has been demonstrated in 

laboratory studies (Cheung et al., 2004; Morales-Caselles et al., 2008b). 

Several isoforms of GPx enzymes exist, all of which contain selenocysteine at their active 

site and thus require selenium to function (Lawrence and Burk, 1976; Lushchak, 2012). 

However, certain glutathione S-transferase enzyme exhibits similar catalytic activity 

towards lipid peroxides and continues to function in selenium deficient organisms and thus 

has been termed selenium independent GPx (Lawrence and Burk, 1976; Lushchak, 2012; 

Simmons et al., 1989). When it comes to reduction of ROS, both selenium dependent and 

selenium independent GPx attributed activity is considered together as both depend on 

availability of GSH and are simply referred to as GPx activity.  

1.2.4 Glutathione (GSH) 

Enzymatic processes such as glutathione S-transferase mediated conjugation of epoxide 

metabolites of xenobiotics (Schlenk et al., 2008) and reduction of various peroxides by 

glutathione peroxidases (Lushchak, 2012) utilize glutathione (GSH) for their purposes and 

thus depend on cellular availability of GSH. As these processes take action, GSH is lost via 

excretion of glutathione conjugates out of the cells or is oxidized to Glutathione Disulphide 

(GSSG) (Lushchak, 2012; Townsend et al., 2003). For continuous operation of these defence 

mechanisms it is therefore vital that GSH concentrations within the cells are kept at 

equilibrium with its consumption. As reviewed by Townsend et al. (2003) new GSH 

molecules can be synthesized, rate of which can be positively affected by the presence of 

oxidants or through negative feedback loop coordinated by cellular GSH concentrations, and 

GSSG can as well be reduced to GSH by glutathione reductase (GR) (Lushchak, 2012). As 

GSH plays an important role in antioxidant defence system, measurements of GSH, GSSG 

and GR activity can give complementary insight into whether an organism is under oxidative 

stress and its potential to cope with it, and therefore they have been used as biomarkers of 

oxidative stress caused by contaminants (Cheung et al., 2004; Hasselberg et al., 2004; 

Martín-Díaz et al., 2008; Rodrigues et al., 2013). 

1.3 Experimental species 

Studies in marine ecotoxicology that investigate potential new species for further application 

in environmental quality assessment have to consider whether selected species fit certain 

criteria for convenient integration in such assessment. Selected indicator species must reflect 

the targeted matrix, as such keystone species or those of high trophic level significance. For 

convenience of monitoring, it is generally beneficial if the selected species is readily 

accessible as well as widely distributed for comparability.  

This study investigates susceptibility, biological effects to – and interaction of BaP in the 

Atlantic rock crab (Cancer irroratus) via ingestion through contaminated prey item. 

Considering the criteria factors for Icelandic coastline alongside species interaction in the 
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environment, the Atlantic rock crab was selected as a representative of high trophic level 

species in benthic environment. Blue mussels (Mytilus edulis) were chosen as vector species 

for BaP introduction to crabs, based on their relevance as a prey item for Atlantic rock crab 

(Bélair and Miron, 2009) as well as their potential to accumulate high concentrations of BaP 

(Okay et al., 2000). 

1.3.1 Blue mussel (Mytilus edulis) 

Blue mussels (Mytilus spp.) are sessile bivalve molluscs that are widely distributed in 

temperate seas (Gaitán-Espitia et al., 2016) where they usually form large mussel beds in 

shallow, coastal waters reaching up to the intertidal zone. Ecologically, blue mussels are 

primary consumers, filter feeders feeding mainly on phytoplankton, and as such transfer 

nutrients to various predators of higher trophic levels such as sea stars, dog whelks, decapods 

and shorebirds (Seed and Suchanek, 1992). From ecotoxicological perspective, blue mussels 

have become important sentinel species in environmental monitoring of pollutants as they 

are robust, conveniently accessible, medium sized organisms that can bioaccumulate wide 

range of environmental contaminants (Beyer et al., 2017).  

Laboratory exposure studies have demonstrated that mussels are capable of accumulating 

high concentrations of PAH compounds in relatively short periods of time (Moy and 

Walday, 1996; Okay et al., 2000; Yakan et al., 2011). Blue mussels take up contaminants 

via various mechanisms depending on their physicochemical properties, i.e. some are more 

readily taken up directly from seawater while others through feeding and ingestion of 

contaminated particles, such as phytoplankton (Okay et al., 2000; Pérez-Cadahía et al., 

2004). A passive diffusion from dissolved phase over external surface such as gills is thought 

to be the main mechanism of uptake of hydrophobic organic contaminants (Beyer et al., 

2017). Active uptake of chemicals can occur in gut associated with contaminated food 

particles contribution of which is relatively small to total assimilation of hydrophobic 

contaminants from dissolved phase but is dependent on environmental conditions and 

physiological activities of mussels (Björk and Gilek, 1997). The toxicokinetics of 

contaminant uptake are influenced by environmental conditions, food availability, chemical 

properties, such as hydrophobicity, and biological processes within organisms, as a result 

bioaccumulation of contaminants can show seasonal variation in wild animals (Beyer et al., 

2017; Meador et al., 1995b). 

1.3.2 The Atlantic rock crab (Cancer irroratus) 

The Atlantic rock crab, Cancer irroratus, has native distribution off the east coast of N-

America, from Florida to Labrador, and was first discovered in Iceland in 2006 presumed to 

have been introduced via ballast water (Gíslason et al., 2014). Since its first sighting in 

Hvalfjörður, Iceland, the Atlantic rock crab has established sustainable populations in 

Faxaflói (Gíslason et al., 2017) with continuous spread following clockwise sea currents 

around Iceland (personal observations). In the absence of its main native competitor, the 

American lobster (Hommarus americanus) the population growth has been relatively rapid 

and crab trap data suggests declines of Icelandic native crabs Hyas araneus and Carcinus 

maenas in study areas in Hvalfjörður. The Atlantic rock crab is considered to be omnivorous 

and its diet consists of polychaetes, molluscs, crustaceans, echinoderms, and carcases 

(Scarratt and Lowe, 1972) which puts them high on the benthic fauna food chain. They 

inhabit ocean floor spanning from the intertidal down to 750 metres depth (Haefner, 1976). 
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The Atlantic rock crab has wide temperature tolerance ranging from 4–32°C but is most 

abundant within the range of 8–14°C (Bigford, 1979). Decapod crabs are complex, mobile 

organisms, and in the adult stage they display high variation in physiological processes 

driven by seasons and biological factors such as moulting and gametogenesis. 

 

Figure 2. Atlantic rock crab (C. irroratus) during crab exposure experiment. 

As benthic omnivores, the crabs occupy an important position in the marine food chain 

where they link benthic fauna with higher predators such as fish (Whitehouse and Aydin, 

2016). Because the crab diet partially consists of sediment dwelling organisms such as 

polychaetes and molluscs that are in direct contact with the substrate as well as actively 

filtering organic particles from it, the crabs, besides nutrient transfer, also provide a way for 

contaminants that are bound in sediment to enter the higher levels of the food chain. This is 

especially relevant for PAHs as benthic invertebrates accumulate and contain higher 

concentrations of PAHs compared to species of higher trophic levels (De Laender et al., 

2011) due to their slow PAH metabolism (Livingstone, 1998). Within the benthic 

invertebrate food chain Palmqvist et al. (2006) demonstrated such trophic transfer for 

polychaete worms, i.e. from detritus feeding Capitella sp. exposed to fluoranthene 

contaminated sediment to predator Nereis virens. In this respect, omnivorous crabs occupy 

advantageous trophic position to be used as indicator organisms of benthic pollution 

assessments. 

Currently, few ecotoxicological studies have been done on the Atlantic rock crab, and none 

at all on Icelandic populations. Among decapod crab species that are being used globally to 

assess impacts of pollutants, the European green crab Carcinus maenas is considered a 

model decapod crab for ecotoxicological studies (Rodrigues and Pardal, 2014) due to its 
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wide global distribution (Klassen and Locke, 2007) as well tolerance to pollutants that allows 

for studies in highly polluted environments. Although the green crab is native in Iceland its 

known distribution is limited to southwestern- and western coastal waters (Ingólfsson, 1996). 

Current knowledge of the Atlantic rock crab suggests a far wider distribution as reported 

instances range clockwise from its established population in southwestern coastal waters 

(Gíslason et al., 2017) to the East Fjords (personal observations) accounting to roughly 80% 

of the Icelandic coastline. With its recent confirmation off the Danish coast (Berggren, 

2019), the Atlantic rock crab is a justifiably relevant species for ecotoxicological studies. 

The responsiveness of crustacean cytochrome P450 to PAH exposure is still somewhat 

unclear (James and Boyle, 1998), thus induction of EROD is rarely attributed to PAH 

exposure in decapod crabs. However, it has been observed in the European green crab 

exposed to contaminated sediments containing high concentrations of PAHs and PCBs 

(Martín-Díaz et al., 2007). Similarly, GPx induction by exposure to marine diesel oil has 

been observed in cold water red king crab, Paralithodes camtschaticus (Sagerup et al., 

2016). It is important to point out that physiological processes associated with PAH 

metabolism and depuration have been demonstrated to vary multifold among decapod 

species and have been extensively reviewed (Livingstone, 1998; Meador et al., 1995b; Solé 

and Livingstone, 2005). This underlines the necessity to study effects of individual 

chemicals on different species. 

The Atlantic rock crab is widely distributed along the Icelandic coast line and often easily 

accessible through snorkeling/diving and trap fishing. Because of its alien status in local 

waters, it is unlikely subject for conservation measures, and coupled with its omnivorous 

nature, this species appears to fulfil the necessary criteria for further studies of its use as 

indicator species in environmental assessment.  

1.4 Aims 

The major aim of the study was to evaluate the suitability of using C. irroratus as an indicator 

species for benthic environmental monitoring in Icelandic waters. Furthermore, the aim was 

to understand potential biomagnification of a large PAH, i.e. Benzo(a)Pyrene (BaP), in C. 

irroratus, and accumulation of BaP in predator species through dietary exposure of prey 

item. Further aims were to investigate specific biological responses of C. irroratus to BaP 

exposure, and to assess the value of the use of EROD, GPx and GSH as biomarkers of BaP 

pollution in C. irroratus. 
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2 Materials and methods 

2.1 Study setup at the University of Iceland´s 

Research Centre in Suðurnes (UIRCS) 

Two experiments were conducted at the University of Iceland´s Research Centre in Suðurnes 

in two rounds. First, exposure study on Mytilus edulis took place during 16–31 March 2017 

and second, exposure through ingestion of Cancer irroratus was conducted during 5–26 

April 2017. UIRCS offers a supply of uncontaminated, aerated seawater which is pumped 

up through a borehole at 20 m depth from natural underground seawater reserve underneath 

the facility which makes it suitable to conduct pollution studies on marine animals. The 

seawater that enters the laboratory facilities is aerated to 100% oxygen saturation, contains 

33 ± 1 ‰ salinity and the temperature is constantly 9.5 ± 0.2°C. 

2.2 Exposure of blue mussels (Mytilus edulis) to 

BaP 

2.2.1 Animal collection, acclimatization and allocation to 

treatment groups 

Blue mussels were collected by hand in the intertidal zone at Straumsvík (64°2.529'N, 

22°2.733'W) in Reykjanes, SW Iceland, with focus on animals in predefined size range of 

30–50 mm in length. Collection took place during low tide around noon on 28 February 

2017. Within one hour of collection the blue mussels were transported to the University of 

Iceland’s Research Centre in Suðurnes and placed in 400 L running flow-through seawater 

tanks for acclimatization. On 7th of March 2017 all collected mussels were separated from 

each other by carefully cutting the byssus threads where needed and individually checked to 

see if they met the predefined size range criteria. Mussels which did not meet the criteria 

were removed. Initially, 175 mussels were weighed and measured in detail (length, height 

and width) and 44 mussels were sacrificed to gather standardised pre-experimental weight 

of soft tissues and shells vs morphological measurements (Table 1).  
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Table 1. Average size and weight distribution of mussels used in the experiment. 

  

Total Wet 

Weight 

(g) 

Soft tissue 

ww. (g)  

Shell wt. 

(g) 

Length 

(mm)  

Height 

(mm)  

Width 

(mm) 

Average 8.68 3.12 4.20 41.88 21.01 17.66 

StDev 3.09 1.14 1.49 6.26 2.65 12.69 

SE 0.23 0.17 0.23 0.47 0.20 0.96 

95% C.I. 0.86 0.32 0.41 1.73 0.73 3.52 

Upper 95% C.I. 9.54 3.44 4.61 43.62 21.75 21.18 

Lower 95% C.I. 7.82 2.81 3.79 40.15 20.28 14.14 

N 175 44 44 175 175 175 

 

Total of 700 mussels were counted and weighed in 100 mussel batches to estimate the total 

mussel count by mass. In total, 2400 mussels were used for the experiment.  

Mussels were randomly divided into five groups and allocated to separate, aerated 165 L 

glass tanks (150 x 40 x 39.5 cm) where the mussels were evenly distributed on the bottom 

of each tank. Each group contained between 475–492 mussels. Once in the glass tanks, 

mussels were fed with doses of unicellular phytoplankton algae (Isochrysis galbana) to make 

them accustomed to this feed type prior to the experiment and allowed to acclimatize further 

in flow-through seawater for seven additional days. Two days prior to onset of the 

experiment the flow-through was shut off.  

2.2.2 Experimental design – Exposure of mussels to BaP 

During the experiment mussels were kept in an aerated semi-static system (Fig. 3). Water 

change was conducted every other day interval by turning on the flow-through for 80 

minutes at flow rate of 4.5 L/min allowing 360 L of seawater to pass through each tank 

corresponding to 2.18 x volume of each tank. The first water change was conducted on the 

day of onset of the experiment.  
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Figure 3. Experimental setup for exposure of mussels to BaP. Roughly 480 mussels were 

kept in each 165 L aerated aquaria in semi-static system. Mussels were divided into two 

control groups and three experimental groups with 2, 20 and 50 µg BaP/L as depicted 

above. The experiment was carried out in darkness. 

Three mussel groups were exposed to Benzo(a)Pyrene for 15 days in different 

concentrations: “Low” (2 µg/L BaP), “Medium” (20 µg/L BaP) and “High” (50 µg/L BaP). 

Due to low water solubility of BaP a stock was prepared by dissolving 40 mg of BaP powder 

in 40 mL of acetone. For each exposure group appropriate amount was pipetted from the 

stock and further dissolved in acetone to a final solution volume of 165 mL prior to 

introducing it into the experimental tanks with acetone acting as carrier solution for BaP. To 

ensure stable BaP concentrations in the experimental tanks throughout the experiment, the 

exposure groups received BaP dose following each water change. Two remaining mussel 

groups were controls, with one being “Carrier control”, exposed to 165 mL of acetone post 

each water change and the other being untreated “Control” group without acetone and BaP. 

To ensure that the mussels stayed active during the experiment as well as to maximise BaP 

uptake, both experimental and control groups were fed daily with Isochrysis galbana mixed 

in seawater at final concentration of 200.000 cells/mL in tanks. 

At the end of the experiment all remaining mussels, roughly 400 from each group, were 

transferred to plastic bags and stored in freezer at -20°C until fed to the crabs. 

 

2.2.3 Tissue sampling for chemical analysis 

Tissues from mussels were collected at the start, 7th day and 15th day (end) of the experiment. 

For chemical analysis 20 mussels were removed from each tank, measured and weighed, and 

the soft tissue was excised and weighed separately in sterile glass jar. The jars were stored 

in -20°C until chemical analysis. 
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2.3 Cancer irroratus exposure to BaP through 

prey item 

2.3.1 Animal collection 

Atlantic rock crabs were caught on 9 March 2017 close to Þerney island, SW Iceland 

(64°10.512'N, 21°46.897'W) at about 10 m depth by using commercial crab traps (30 x 80 x 

40 cm; mesh size 4.8 cm; Carapax AB®). Live crabs were transported to UIRCS and kept 

in holding tanks until the onset of the experiment allowing them to acclimatize to UIRCS 

seawater for roughly one month. To minimize physiological variance in experimental 

animals, seventy-six crabs were systematically selected based on following criteria: Gender 

– only whole male crabs with no signs of damage on carapace, pereopods or chelipeds were 

selected for the experiment; Moult cycle – carapaces of crabs were inspected for fouling and 

other signs of ageing hence the crabs were selected only if they had a clean carapace which 

served, although with uncertainty, as an indicator that they had recently gone through moult 

cycle and would stay in their physiological inter-moult phase during the experiment; Size – 

only adult specimens who fell within a specific size range of 10.1 to 11.5 mm in carapace 

width were selected for the experiment. Experimental animals had carapace width of 10.9 ± 

0.6 cm and weighed 201.5 ± 42 g ww. on average. Crabs were starved for roughly one month 

prior to the onset of the experiment for standardisation of physiological activity and to ensure 

that crabs would ingest administered food items throughout the experiment. 

 

2.3.2 Experimental setup 

Sixty-eight crabs were randomly assigned to four groups (control, low, medium and high), 

each containing seventeen individuals at the start of the experiment. Each group was 

assigned to four 57.6 L (60 x 30 x 32 cm) glass aquaria with running seawater. Crabs within 

each group were distributed so that three of group´s aquaria contained four individuals each, 

with one aquarium containing five individuals at the start of the experiment (Fig. 4). Before 

the start of the experiment eight crabs were sacrificed for chemical and biomarker analysis 

to serve as absolute control. On day three, five individuals from each group were sacrificed 

for chemical and biomarker analysis serving as short term response group, leaving three 

individuals per aquaria, i.e. twelve in each group for the remainder of the experiment. After 

twenty-one days from the onset of the experiment the remaining crabs were sacrificed for 

chemical and biomarker analyses. 



33 

 

Figure 4. Illustrated experimental setup for Cancer irroratus exposure to BaP through prey 

item.  

 

2.3.3 Exposure through prey item 

Frozen mussels that had been exposed to BaP as described above were utilised as food items 

for the crabs. During the experiment, crabs were fed portions of thawed mussels twice each 

day. Each crab received one whole mussel between 09:00 and 10:00 and one half of mussel 

between 17:00 and 18:00 each day. To make the soft tissue more accessible for crabs the 

posterior adductor muscle was cut in order to “open” the mussels. Mussel halves were 

prepared by cutting in between the shells, thus separating them and leaving soft tissue in 

both shells. Crabs within each experimental group i.e. control, low, medium and high were 

fed with mussels from correlating experimental groups from mussel exposure experiment 

i.e. carrier control, low exposure, medium exposure and high exposure respectively. Crabs 

consuming one and a half mussel (4.68 g soft tissue ww. on average) each day correlated to 

2.3 % of average crab body mass as daily food intake. 

During feeding each crab was handed its portion until the individual could get a firm grip on 

the shell. Once all the crabs had their portion, they clung to it without making any attempts 

to obtain food items from other individuals. This ensured that individuals consumed their 

given portion by themselves, occasionally leaving minor bits of adductor muscles stuck to 

the shell (not measured). 
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2.3.4 Tissue sampling for chemical and biomarker analyses 

Sampling was done on three occasions. Prior to the onset of the experiment eight crabs were 

sacrificed to serve as absolute control for all groups. On the third day of the experiment five 

crabs from each group were sacrificed to investigate acute effects, and finally on twenty-

first day the remaining crabs were sacrificed i.e. twelve individuals from each group. 

Live crabs were sedated on ice and then euthanized by puncturing through the shell under 

abdomen with bent dissection needle and instantly destroying thoracic and cerebral 

ganglions. Carapace was removed, hepatopancreas dissected out and weighed. 

Approximately 2 g ww. of hepatopancreas tissue from each crab were transferred into two 

cryotubes and snap frozen in liquid nitrogen, where they were stored until biomarker 

analysis. Remaining hepatopancreas tissue was pooled from all individuals within each 

experimental group and stored in glass jars at -20°C until chemical analysis. 

 

2.4 Biomarker analyses 

2.4.1 Sample preparation 

Hepatopancreas was thawed on ice, then homogenized in 1:5 weight to volume, 0.5 g in 2.5 

mL, in Tris-acetate homogenization buffer (25 mM, containing 250 mM sucrose and 10 mM 

dithioreitol, pH 7.3). Homogenized sample was centrifuged at 10.000 g for 20 min. The 

supernatant or S9 fraction was used for EROD analysis and protein quantitation.  

For glutathione peroxidase activity (GPx) and glutathione content analyses, hepatopancreas 

was homogenized in 1:5 weight to volume, 0.5 g in 2.5 mL, in 0.1 M potassium phosphate 

buffer, pH 7.5. 

 

2.4.2 7-ethoxyresorufin O-deethylase activity (EROD) 

EROD activity was measured by the method of Stagg et al. (2016). From each sample 25 µL 

aliquots of S9 fraction, in triplicate, were transferred to microplate wells, each containing 

125 µL of 25 µM ethoxyresorufin in 0.1 M potassium phosphate buffer. The reaction was 

initiated by adding 25 µL of 2.4 mM β-NADPH to each well. The plate was immediately 

transferred to BioTek© FLx800 microplate reader and read for 12 min on 1 min intervals at 

λ: 530/25 nm and 590/35 nm excitation and emission respectively. EROD activity was 

calculated from fastest formation of resorufin, usually during first 5 min of measurement. 

Standard curve was made with resorufin sodium salt in 0.1 M potassium phosphate buffer. 
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2.4.3 Glutathione peroxidase activity (GPx) 

Glutathione peroxidase activity was measured with a method adopted from Chiu et al. (1976) 

using hydroperoxide and cumene hydroperoxide as substrate. Reduced glutathione content 

prior to and post reaction was measured by method of Sedlak and Lindsay (1968). Procedure 

was done as follows: 

From each sample, 250 µL of S9 fraction of tissue homogenate were transferred to each of 

three separate eppendorf tubes that contained 150 µL of 50 mM Tris HCl buffer (pH 7.65) 

each. 50 µL of freshly mixed GSH solution (3 mg reduced glutathione in 5 mL of 50 mM 

Tris HCl buffer (pH 7.65)) was then added to each tube. One of the tubes served as control, 

second tube received 50 µL of hydrogen peroxide solution and the third 50 µL of freshly 

made cumene hydroperoxide (CHPO) solution (1 µL of CHPO in 2 mL of 50 mM Tris HCl 

buffer (pH 7.65)). Reaction was allowed to proceed for 10 min at room temperature and then 

stopped by denaturation of protein with the addition of 500 µL of 10% trichloroacetic acid 

(TCA) solution. Tubes were then centrifuged at 10.000 g for 3 min. From each tube 500 µL 

of supernatant were transferred to glass tube vials containing 1 mL of 0.4 M Tris buffer (pH 

8.9). Subsequently 50 µL of 5,5-dithiobis-2-nitrobenzoic acid (DTNB) solution (0.099g of 

DTNB in 25 mL methanol) was added to each vial, vials vortexed and absorbance measured 

in a spectrophotometer (Genesys 20, Thermo Scientific) at λ: 412nm. 

Absorbance values from CHPO and hydrogen peroxide were subtracted from control value 

and free sulfhydryl concentrations in samples were then calculated through molar extinction 

of DTNB as follows: 

Formula 1. 

 

(𝑆 𝑚𝐿 ∗
𝐿

1000 𝑚𝐿 ∗
𝐴

𝑏(14150)
)

 𝑂 𝑚𝐿
∗ 

1000 𝑚𝐿

𝐿
= 𝑐 

Where S = volume of measured solution in millilitres, A = absorbance, b = path length in 

centimeters, O = volume of S9 fraction aliquot contributing to reaction, c = concentration in 

moles/liter and 14150 M-1 cm-1 at 412 nm is the molar extinction coefficient of DTNB 

(Riddles et al., 1979). 

2.4.4 Glutathione content (GSH) 

Glutathione content was measured by method adopted from Sedlak and Lindsay (1968). 

From each sample 100 µL aliquot of S9 fraction was transferred to 400 µL 10% TCA 

solution in eppendorf tubes. The tubes were centrifuged at 10.000 g for 3 min. Subsequently 

250 µL of supernatant were transferred to glass tube vials containing 1 mL of 0.4 M Tris 

buffer (pH = 8.9). 50 µL of DTNB solution (0.099g of DTNB in 25 mL methanol) were then 

added to vials and vortexed. Absorbance was measured in a spectrophotometer at λ: 412nm 

and free sulfhydryl group concentration calculated as described in formula 1 above. 
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2.4.5 Protein analysis 

Protein content was measured fluorometrically by using NanoOrange® Protein Quantitation 

Kit with bovine serum albumin (BSA) serving as standard. 

2.4.6 Chemical analysis 

Tissue was homogenized with an Ultra-Turrax homogenizer (Janke and Kunkel, IKA, 

Germany), recovery standard (PCB-198) added and the tissue extracted with 

hexane/acetone, and then hexane/diethylether/isopropanol according to Jensen et al. (2003). 

The extracted fat was dissolved in isooctane containing the internal standard 

(tetrachloronaphtalene) and cleaned with a KOH ethanol solution. Benzo(a)Pyrene was 

analysed using a 6 point standard curve from 5–1000 pg/µl, by GC-MSD (Thermo ISQSD 

Trace 1300, column: HP-5MS, 25 m, 0.200 mm i.d., 0.33 µm film). Oven: 85°C for 2 min, 

30°C/min to 180°C, isotherm for 17 min, 5°C/min to 260°C, 10°C/min to 320°C, isotherm 

for 2 min. Constant flow 1.2 ml/min, splitless injection. Chromelion from Thermo was used 

for analysis. Standards were purchased from Accustandard, USA. Dry weight was 

determined by drying about 5 g of tissue for 48 h at room temperature. 

2.4.7 Statistical analysis 

To achieve normality for analysis of variance (ANOVA), EROD, protein content and day 

21 GPx activity data was transformed (log(x)+1). Normality of the data was confirmed by 

Shapiro-Wilk normality test. As a post-hoc test, TukeyHSD was performed on ANOVA 

results to identify significant differences between treatments. Spearman´s Rho correlation 

test was performed on all biomarker data to identify correlation between exposure and 

response. Statistical analysis was performed in R and SPSS (version 26, IBM Statistics©). 

Visual graphs presented were made with Microsoft Excel. All graphs present untransformed 

data. 
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3 Results 

3.1 Accumulation of BaP 

Both crab and mussel exposure experiments were successful as both species accumulated 

increasing concentrations of BaP in their tissues in relation to exposure concentrations (Fig. 

5 and 6). Observed concentrations of BaP in crab hepatopancreas was however a magnitude 

lower compared to prey item concentrations resulting in 0.04, 0.006, 0.007 and 0.147, 0.023, 

0.029 percent uptake in 2, 20 and 50 µg BaP/L exposure groups at days 3 and 21 respectively. 

 

 

Figure 5. Soft tissue body burden of BaP in M. edulis on days 0 (control), 7 and 15 in mussel 

exposure experiment (n = 20, pooled). Values are presented in µg BaP/gram dry weight of 

mussel tissues.  
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Figure 6. BaP content in pooled hepatopancreas of C. irroratus at start (n = 8), day 3 (n 

=5) and day 21 (n =12) of crab exposure experiment. Values are presented in ng BaP/gram 

dry weight of hepatopancreas tissues. 

 

Table 2. Bioaccumulation factors (BAF) in M. edulis and biomagnification factors (BMF) 

in C. irroratus. Representing uptake of BaP from water by mussels and uptake in 

hepatopancreas tissue in crabs through prey item. 

 BAF in M. edulis BMF in C. irroratus 

 

BAF = (Mussel BaP µg/kg dry 
wt.) / (Waterborne BaP µg/L) 

BMF = (Hepatopancreas BaP 
ng/g dry wt.) / (Mussel BaP ng/g 

dry wt. x exposure period) 

Treatment / days 7 14 3 21 

2 µg BaP / L 1490 5750 8,49E-05 6,98E-05 
20 µg BaP / L 3805 9620 8,05E-06 1,12E-05 
50 µg BaP / L 2700 8332 9,2E-06 1,39E-05 

 

 

3.2 Biomarker responses 

The biological responses of crabs at day 3 were most probably affected by starvation period 

prior to experiment and as such were evaluated as not directly comparable to responses at 

day 21. This is further underlined by comparison of control groups at different days in each 

section, hence the results from different days are presented separately.  
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3.2.1 7-Ethoxyresorufin O-deethylase activity (EROD) 

Observed EROD activity was higher than expected in absolute control (day 0) and day 3 

control groups (Fig. 7). At day 21, the control group expressed a significantly lower EROD 

activity compared to control on day 3 (ANOVA, F1, 95 = 10.79; p = 0.006) (Figs. 7 and 8). 

Spearman´s Rho analysis did not show any significant correlation between EROD activity 

and exposure, results however suggested a weak negative relationship of exposure and 

EROD activity at day 3 (rs(4) = -0.4, p > 0.01) and positive relationship at day 21 (rs(4) = 

0.8, p > 0.01). 

 

Figure 7. EROD activity in hepatopancreas of C. irroratus on day 3. Bars represent 95% 

confidence limit on untransformed data. Significant difference was observed between the 

groups (ANOVA, F4, 95 = 4.654; p = 0.007). Tukey HSD (95% conf.) test showed that crabs 

from medium exposure group exhibited significantly lower EROD activity, p = 0.015 and 

0.024 compared to abs. control and control groups respectively.  
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Figure 8. EROD activity in hepatopancreas of C. irroratus on day 21. Bars represent 95% 

confidence limit on untransformed data. Significant difference was observed between the 

groups (ANOVA, F3, 95 = 4.547; p = 0.008). Tukey HSD (95% conf.) test showed that crabs 

from highest exposure group exhibited significantly higher EROD activity (p = 0.004) 

compared to the control group.  

 

3.2.2 Glutathione peroxidase activity (GPx) 

At day 3, no significant correlation was observed between GPx activity and exposure (Fig. 

9). At day 21, Spearman´s Rho analysis showed significant positive correlation of both 

selenium dependent and independent GPx activity with increasing exposure concentrations 

(rs(4) = 1.0; 1.0, p < 0.01) (Fig. 10). Control groups at different days varied significantly and 

lower GPx activity was observed for both Se-independent and Se-dependent GPx at day 21 

(ANOVA, F1, 95 = 8.43; p = 0.013 and F1, 95 = 6.48; p = 0.026, respectively). On day 3 (Fig. 

9) Tukey HSD (95% conf.) analysis for Se–independent GPx activity revealed that both the 

control and the highest exposure group showed significantly higher activity than absolute 

control, p = 0.0004 and 0.0034 respectively. Activity in highest exposure group was as well 

significantly higher than in medium exposure group, p = 0.0288. Both low and medium 

exposure groups expressed significantly lower activity compared to control group, p = 

0.0018 and 0.0004 respectively. The only significant difference in activity of Se–dependent 

GPx was observed between absolute control and control group, p = 0.0107.  
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Figure 9. Selenium independent and dependent GPx activity in hepatopancreas of C. 

irroratus at day 3. Bars represent 95% confidence limit on untransformed data. Significant 

difference was observed between the groups for both GPx activities (ANOVA, F4, 95 = 13.86; 

p = 3.34e-5 and F4, 95 = 3.805; p = 0.0219 for Se – independent and dependent GPx activity 

respectively).  

 

Figure 10. Selenium independent and dependent GPx activity in hepatopancreas of C. 

irroratus at day 21. Bars represent 95% confidence limit on untransformed data. No 

significant differences were observed between groups in both the Se – independent (ANOVA, 

F3, 95 = 1.727; p = 0.177) and the Se – dependent GPx activity (ANOVA, F3, 95 = 1.491; p = 

0.232).  
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3.2.3 Reduced glutathione content (GSH) 

GSH content did not significantly correlate with exposure, Spearman´s Rho analysis 

however suggested weak negative relationship at day 3 (rs(4) = -0.8, p > 0,01) and weak 

positive relationship at day 21 (rs(4) = 0.8, p > 0,01) with exposure. At day 3, GSH content 

positively correlated with Se – dependent GPx activity (rs(4) = 1.0, p < 0.01). Control group 

at day 21 contained significantly lower GSH content compared to control group at day 3 

(ANOVA, F1, 95 = 41.87; p = 3.06e-5) (Figs. 11 and 12). 

 

Figure 11. Reduced glutathione content in hepatopancreas of C. irroratus at day 3. Bars 

represent 95% confidence limit on untransformed data. Groups varied significantly 

(ANOVA, F4, 95 = 17.99; p = 1.5e-6). Tukey HSD (95% conf.) revealed that all exposure 

groups as well as absolute control had significantly lower GSH content compared to the 

control group (p = 0.029 “abs. control“; p < 0.001 for other groups). Significantly higher 

GSH content was present in abs. control compared to medium (p = 0.0039) and high (p = 

0.005) exposure groups and near to significantly higher than in low exposure group (p = 

0.07). 
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Figure 12. Reduced glutathione content in hepatopancreas of C. irroratus at day 21. Bars 

represent 95% confidence limit on untransformed data. Groups varied significantly 

(ANOVA, F3, 95 = 3.78; p = 0.0177). High exposure group contained significantly higher 

GSH content compared to control (p = 0.0132) and near significantly higher than medium 

exposure group (p = 0.089) as revealed by Tukey HSD (95% conf.). 

 

3.2.4 Hepatopancreas protein content 

Protein content in hepatopancreas of C. irroratus exhibited a different relationship with 

exposure compared to other biomarkers via Spearman´s Rho analysis (Fig. 13 and 14), as 

non-significant positive correlation was observed at day 3 (rs(4) = 0.8, p > 0.01) and 

significant negative correlation at day 21 (rs(4) = -1.0, p < 0.01). Similarly, control group at 

day 21 contained significantly higher protein content compared to control at day 3 (ANOVA, 

F1, 95 = 15.95; p = 0.0015). Correlations between protein content and biomarker responses in 

general exhibited a negative relationship, significant correlations were observed at day 3 

where protein content was negatively correlated with Se-dependent GPx activity and GSH 

content as well as on day 21 a negative correlation was observed with both Se-dependent 

and independent GPx activity (rs(4) = -1.0, p < 0.01 in all cases). 
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Figure 13. Protein content in hepatopancreas of C. irroratus at day 3. Bars represent 95% 

confidence limit on untransformed data. Protein content varied significantly between groups 

(ANOVA, F4, 95 = 5.68; p = 0.0248). Tukey HSD (95% conf.) showed that medium exposure 

group contained higher protein content compared to absolute control (p = 0.0148) and 

control (p = 0.0052) groups, near significantly higher protein content was observed in low 

exposure group compared to control (p = 0.0577). 

 

 

Figure 14. Protein content in hepatopancreas of C. irroratus at day 21. Bars represent 95% 

confidence limit on untransformed data. Protein contents varied significantly between 

groups (ANOVA, F3, 95 = 3.841; p = 0.0164), with high exposure group having lower 

concentration of protein compared to control (p = 0.0082) confirmed by Tukey HSD (95% 

conf.). 
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4 Discussion 

4.1 Accumulation of BaP 

4.1.1 Accumulation in M. edulis 

During the mussel exposure experiment a steady increase of BaP concentration in mussel 

tissues was observed in all treatment groups (Fig. 5), and interestingly, higher BAF´s were 

observed both at half-way and at the end of the experiment in mussels exposed to 20 µg 

BaP/L (BAF´s: 3805 and 9620) compared to those exposed to 50 µg BaP/L (BAF´s 2700 

and 8332) (Table 2). This suggests that the highest exposure group exhibited a response to 

high BaP concentration such as reduced metabolic activity as opposed to have suffered an 

impairment at a biological level resulting in reduction of such activity as blue mussels are 

generally tolerant species and have been observed to perform at much higher body burden 

of BaP (Okay et al., 2000). Furthermore, pronounced increase of BAF´s and BaP body 

burden in all exposure groups between day 7 and at the end of the exposure experiment 

suggests that a steady state of BaP accumulation was not reached in any of the groups. 

Nevertheless, the experimental design of the mussel exposure was successful for the purpose 

of this project as observed body burden of BaP in mussel tissues increased multifold between 

groups and in relation to exposed concentrations. 

4.1.2 Accumulation in C. irroratus 

The crab exposure experiment offers insight into the dietary contribution to PAH uptake by 

C. irroratus. After 21 days of exposure through ingestion of contaminated mussels, 

accumulated BaP concentrations in hepatopancreas tissues (Fig. 6) were three to four orders 

of magnitude lower in all exposure groups than in their relative prey items (Fig. 5). It should 

be noted that concentrations in hepatopancreas do not reflect the total BaP body burden as 

hepatopancreas is likely to contain higher concentrations of BaP compared to muscle or gill 

tissues (Eickhoff et al., 2003; Lee et al., 1976) that contribute to total weight of the animal, 

and therefore the total body burden of BaP in the crabs is likely lower than the values 

reported here for hepatopancreas tissue. In respect to BaP burden of administered mussels, 

observed BaP concentrations in all crab exposure groups (Fig. 6) are relatively low, although 

this may be to some extent a result of crab´s mechanically “messy” feeding process where 

some portion of prey item is lost during feeding and ingestion. Generally, this suggests either 

or both low assimilation efficiency of BaP by C. irroratus or high metabolic capacity for it. 

Unfortunately, no data is available on BaP or for that matter on PAH assimilation in general 

by C. irroratus, but this scenario indicates it to be well below 1 % for BaP. In the blue crab 

(Callinectes sapidus) Lee et al. (1976) found relatively low assimilation efficiency, between 

7 and 10 %, of hydrocarbon compounds, including BaP. Interestingly, 2 days after 

administration around 460 ng or 1.5 % of administered BaP dose was detected in 

hepatopancreas suggesting high capability of blue crabs to metabolize and eliminate such 

compounds. In the present study, when comparing accumulated concentrations of BaP 

between day 3 and 21 of the experiment (Fig. 6) and dividing them by exposure period it 

appears that accumulation rates are 48, 44 and 36 % lower at day 21 than on day 3 in low, 

medium and high exposure groups, respectively. Coupled with observed lower BMF value 
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at day 21 compared to day 3 in the low exposure groups, this suggests that C. irroratus is 

capable to metabolize and eliminate BaP and presumably compensate for it at lower 

concentrations. These lower values at later stages of the experiment could be explained by 

delay in reaction of xenobiotic detoxification processes that has been observed in crustaceans 

(Meador, 1995b). 

However, metabolic capacity and elimination rates of BaP are known to vary greatly 

between decapod species (Meador, 1995b; Livingstone, 1998) and although the design of 

the present study does not allow for speculation on elimination rates of BaP by C. irroratus, 

it presents evidence for elimination capacity and ability of C. irroratus to compensate for 

BaP ingestion. 

4.2 Biomarker responses in C. irroratus 

Prior to onset of the experiment crabs were kept starved for roughly one month, and such 

prolonged period of starvation is known to have physiological effects in decapod crustaceans 

such as substantial reduction in haemolymph protein and copper contents (Depledge and 

Bjerregaard, 1989) as well as reduced antioxidant capability (Dissanayake et al., 2008). 

Therefore, day 3 responses represent those of “stressed” C. irroratus in comparison to 

responses at day 21. 

4.2.1 EROD activity 

Absolute control group represents starved, untreated individuals at day 0 and therefore it was 

unexpected to find high EROD activity in that group (Fig. 7). Furthermore, both control 

groups exhibited higher levels of activity compared to groups exposed to BaP, which is in 

contrast to expected function of EROD as detoxification mechanism (Whyte et al., 2000). 

However, as day 21 control group exhibited significantly lower EROD activity compared to 

day 3 control, it can be argued that the high values observed at day 3 show effects of 

prolonged starvation period, but not data is available on EROD activities in decapod crabs 

under similar starvation scenarios. Interestingly, observed protein content in both control 

groups (Fig. 13) is relatively low, which when compared to those of exposure groups, and 

indicates higher proportionate allocation of resources into EROD activity in day 3 control 

groups. In this respect, these findings allow for doubt on whether measured EROD activity 

represents CYP1A enzyme in C. irroratus and are thus in support of controversy of EROD 

measurements in crustaceans. This speculation is based on the advances of genetic studies 

that have yet failed to isolate CYP1A1 gene in marine invertebrates and rather attribute 

xenobiotic metabolism to other families of P450 enzymes, related to CYP1A1 (Dam et al., 

2008; Rewitz et al., 2006; Solé and Livingstone, 2005; Sparagano et al., 1999). However, as 

the cytochrome P450 enzyme family is known to serve multiple functions besides PAH 

metabolism in Carcinus maenas (Dam et al., 2008; Rewitz et al., 2006), some of which 

individually take part in multiple processes, it is thus likely that EROD measurements in the 

present study represents one or multiple different members of the P450 family and would 

explain elevated activity in day 3 control groups.  

It could be assumed that on day 21 (Fig. 8) the control group exhibits levels of activity that 

are relatable to natural background levels or in the least have stabilised due to acclimatization 

to experimental conditions. Although crabs from the high exposure group exhibit 
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significantly higher activity than control, it remains relatively similar among remaining 

treatment groups and is not correlated to accumulated BaP content in hepatopancreas tissues, 

making it hard to attribute EROD activity as standalone biological response to BaP exposure 

in C. irroratus. In this respect, confounding factors should be considered. As increasing 

accumulated concentrations of BaP have negative effect on protein content in 

hepatopancreas tissue (Fig. 14), with high exposure group containing almost 50% less 

protein compared to the control group, it may be argued that biological response resides in 

proportional allocation of resources to EROD activity as other mechanisms are presumably 

compromised, again underlining the importance of the enzymatic activity measured by 

EROD in stressed C. irroratus. 

Interestingly, observed EROD activity in C. irroratus is in general an order of magnitude 

higher compared to findings in other decapod species, such as in Xiphopenaes kroyeri and 

Carcinus maenas for which the activity was around 15 and 8 pmol/min/mg protein, 

respectively, when exposed to BaP or exposed to contaminated sediment in transplanted 

cages (Morales-Caselles et al., 2008a; Rocha et al., 2012). The high EROD activity levels of 

the present study thus more closely resemble activity in fish (Whyte et al., 2000) which is 

especially interesting as these are the first ever reported EROD activity levels in C. irroratus. 

Furthermore, Sundt and Goksøyr (1998), presented activities as high as 1 nm / min / mg 

protein in P450 enzyme - pyrene hydroxylase in Cancer pagurus when injected with BaP, 

indicating that high activity levels of P450 enzymes may be present in related species of 

decapod crabs.  

 

4.2.2 Biomarkers of oxidative stress, GPx activity and GSH 
content 

Examination of control groups for GPx activity (Figs. 9 and 10) provides insight into 

antioxidant defence regulation in C. irroratus. Low GPx activity in absolute control group 

likely reflects low metabolic and respiration status of starved crabs possibly suggesting a 

resource conservation strategy or “dormant” state caused by prolonged starvation. On the 

other hand, low GPx activity might reflect impairment of antioxidant enzyme activity caused 

by starvation. High GSH content in this group (Fig. 11) hints at importance of antioxidant 

defence prioritization as even when starved, GSH levels are kept in abundance. Observed 

peak in both the GPx activity and GSH content after 3 days of food administration (control 

groups, Figs. 9 and 11), if viewed out of context, might suggest that crabs are under 

environmentally induced oxidative stress. However, when compared to significantly lower 

values of GPx activity and GSH content in control groups at day 21 (Figs. 10 and 12), it can 

be speculated that observed increase at day 3 is due to internal increase in cellular respiration, 

as crabs recover from starvation period during which crustaceans are known to utilize 

proteins and lipids as energy source (Sánchez-Paz et al., 2006). 

Overall, observed lower activity of Se-independent GPx was unexpected, utilizing cumene 

hydroperoxide as substrate it generally represents total GPx activity, including that of Se-

dependent enzymes (Lawrence and Burk, 1976). Although studies that compare the two 

activities in crustaceans are scarce, a significantly lower Se-dependent GPx activity has been 

demonstrated in Artemia parthenogenetica (Nunes et al., 2006). Given that present results 
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are not flawed, it can be speculated that antioxidant defences of C. irroratus are less capable 

to catalyse lipid peroxides. 

At day 3 neither GPx activity was correlated to accumulated BaP concentrations (Fig. 9). 

Interestingly, Se-independent activity exhibited different activity trend compared to Se-

dependant, among exposed groups, significantly higher Se-independent GPx activity in high 

exposure group compared to medium exposure group, suggests biomarker response to 

contaminant induced oxidative stress. Significantly lower GSH content in BaP exposure 

groups compared to control groups (Fig. 11) confirms that C. irroratus is under oxidative 

stress induced by BaP, however, the fact that exposure groups do not significantly differ in 

GSH content among themselves suggests that accumulated BaP concentrations are within 

tolerable margins for C. irroratus or at least, presents the evidence that GSH content does 

not exhibit an “acute” dose response relationship to BaP. Furthermore, general trend of 

decrease in GSH content and GPx activity in exposed groups may be viewed as impairment 

in antioxidant defence caused by prior starvation period, as starvation has been shown to 

have negative impact on antioxidant status in other decapod crab species (Dissanayake et al., 

2008). 

At day 21, GPx activity (Fig. 10) is in general more stable over all treatment groups as Se-

dependent and independent GPx exhibit similar activity levels between exposure groups. As 

both GPx activities are significantly correlated with exposure, likely compensating for 

increased ROS production by BaP metabolism, it appears that prolonged BaP exposure 

induces only a weak response in C. irroratus. It is however important to note that both GPx 

activities at day 21 are negatively correlated with protein content (Fig. 14), implying higher 

proportional allocation of resources to antioxidant defences in relation to rising exposure 

levels. As activity levels do not significantly differ in any exposure groups when compared 

to control, it could be concluded that at accumulated BaP concentrations, increase in ROS 

production can be compensated for. This is further supported by similar observed GSH 

content (Fig. 12) among control, low and medium exposure groups, implying that 

accumulated BaP concentrations in those exposure groups remain within tolerable limits. 

However, significantly higher GSH content in the highest exposure group is likely a response 

to BaP induced oxidative stress. Findings of the present study are somewhat in agreement to 

previous studies done on Carcinus maenas where GPx activity is induced by other 

contaminants than PAHs (Rodrigues and Pardal, 2014). 

4.3 General discussion 

Environmental studies on contaminant uptake suggest that accumulation of large PAHs such 

as BaP is relatively small in decapod crabs (Eickhoff et al., 2003; Neff et al., 2010) as may 

be reflected by the results of the present study where assimilation rate was estimated below 

1% compared to contaminated prey items. In this respect, decapod crabs may not be a subject 

to biomagnification of larger PAHs, it is therefore recommended to investigate lighter PAHs 

in future studies for environmental relevance, as they appear to be more readily available to 

decapod species. 

Following a long starvation period, short term exposure to BaP caused, in most cases, no 

significant differences in biomarker values compared to control. For non-enzymatic ROS 

scavengers, marked reduction in GSH content at day 3 in all exposure groups compared to 
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control suggested that crabs were under contaminant induced oxidative stress. Similar effect 

due to PAH exposure were reported by Vijayavel et al. (2004) in Scylla serrata. Because 

GPx activity is dependent on cellular availability of GSH (Lushchak, 2012; Schlenk et al., 

2008) in its function to neutralize ROS, the observed correlated decrease of Se-dependant 

GPx activity and GSH content were expected. Interestingly, significant decrease of GSH in 

exposure groups does not directly reflect in the Se-dependent GPx activity where exposure 

groups did not significantly differ from control but rather exhibited a weak decline in activity 

with each increase in exposure concentrations of BaP and likely suggesting depletion in 

enzyme resource due to prior period of starvation, indicating importance of nutrition status 

of crabs in their defence mechanisms. Previous studies on crabs indicate that GPx is rather 

induced by metals and pharmaceuticals (Martín-Díaz et al., 2009; Rodrigues and Pardal, 

2014).  

Long-term exposure of BaP failed to induce significant biomarker response at 16.8 and 45.1 

ng BaP/g dry wt. hepatopancreas burden in low and medium exposure groups, respectively. 

In the highest exposure group, where crabs had accumulated 122 ng BaP/g dry wt. a marked 

increase in both EROD activity and GSH content was observed. Although significant 

induction of EROD activity in crabs and other crustaceans has been previously observed 

(Martín-Díaz et al., 2009; Rocha et al., 2012; Rodrigues and Pardal, 2014), it is attributed to 

PCBs, pharmaceuticals or exposure to non-relevant, high PAH concentrations. The 

sensitivity of the biomarkers tested in the present study seems to be insufficient for 

environmental monitoring, at least concerning the larger PAHs. 

Biomarker values in absolute control group suggested that prolonged starvation has put 

considerable stress on the rock crab suggested by the fact that EROD activity, GSH and 

protein content exhibited similar values to those observed in the high exposure group on day 

21. Furthermore, three days post starvation, during which food was provided, crabs exhibited 

significantly higher values in all biomarker responses compared to crabs which had been fed 

for 21 days (comparison of control groups). In contrast to biomarker responses the protein 

content in hepatopancreas was significantly lower at day 3 than at day 21. It can therefore 

be deduced that the observed values (day 3 control) in this perspective, reflect the 

physiological status of the rock crab which is emerging from starvation period. In the wild 

the Atlantic rock crabs experience long starvation periods as a result of post moult soft-shell 

stage (Haefner and Van Engel, 1975), during which the carapace is not fully hardened thus 

inhibiting or minimizing feeding activities. Higher variability in biomarker responses among 

groups and general reduction in biomarker values in exposed crabs compared to control that 

were observed at day 3 suggest that such starvation periods may impair biological defenses 

against PAHs and ROS. These findings underline the importance of considering the timing 

of natural moulting events of crab species when sampling for biomarker analysis from wild 

populations as fasting periods are likely to follow such events, influencing biological 

processes.  
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5 Conclusions 

During 21 day exposure period through ingestion of contaminated mussels containing 417 

µg BaP/g dry wt., the Atlantic rock crabs accumulated 122 ng of BaP/g dry wt. in their 

hepatopancreas tissue. Estimated assimilation rate of BaP was thus below 1%, suggesting 

that these crabs are unlikely to accumulate high concentrations of large PAHs found in the 

environment. Uptake rates were found to decrease with time, being up to 48% lower on day 

21 when compared to rates at day 3. Future studies should thus concentrate on lighter PAHs 

in terms to provide environmentally relevant data.  

Present data indicates that EROD, GPx and GSH biomarkers do not offer desired sensitivity 

in C. irroratus for environmental PAH monitoring, with significant induction of EROD as 

well as GSH observed only in the highest exposure group. It is however concluded that more 

recent methodology protocols for GPx and GSH could provide higher resolution data. 

Although not exhibiting a clear dose-response relationships, C. irroratus exhibited 

biological responses, deducible from the data, when exposed to contaminants. This study 

presents first biomarker responses in a decapod crab collected from the Icelandic coastline 

as well as first biomarker responses in the Atlantic rock crab to PAH compound. The 

observed biological responses provide important data on physiology of the rock crab and can 

be used as foundation for future studies on decapod species in cold environments.  

As decapod omnivores, crabs can be susceptible to accumulate wider range of contaminants 

than species which implement a more specialized life strategies, such as filter feeders or 

burrowers. As such the Atlantic rock crab is a promising model organism for future 

ecotoxicological studies. 
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